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To test the effects of sewage-derived organic matter on
virus attachment, 32P-labeled bacteriophage PRD1, linear
alkylbenzene sulfonates (LAS), and tracers were injected
into sewage-contaminated (suboxic, elevated organic matter)
and uncontaminated (oxic, low organic matter) zones of
an iron oxide-coated quartz sand and gravel aquifer on Cape
Cod, MA. In the uncontaminated zone, 83% of the PRD1
were attenuated over the first meter of transport by
attachment to aquifer grains. In the contaminated zone,
42% of the PRD1 were attenuated over the first meter of
transport. Sewage-derived organic matter contributed
to the difference in PRD1 attenuation by blocking attachment
sites in the contaminated zone. At greater distances downgradient (to a total transport distance of 3.6 m), a
near-constant amount of PRD1 continued to break through,
suggesting that aquifer grain heterogeneities allowed a
small amount of reversible attachment. Injection of an LAS
mixture (25 mg L-1), a common sewage constituent,
remobilized 87% of the attached PRD1 in the contaminated
zone, but only 2.2% in the uncontaminated zone. LAS
adsorption promoted virus recovery in the contaminated zone
by altering the PRD1-surface interactions; however, the
amount of LAS adsorbed was not sufficient to promote
release of the attached PRD1 in the uncontaminated zone.

Introduction
The subsurface transport of pathogenic viruses from septic
systems, leaking sewage lines, and sewage infiltration beds
to water supply wells is controlled by attachment to aquifer
sediments and inactivation (1, 2). Virus attachment depends
on the solution chemistry of the groundwater and the surface
chemistry of the virus and aquifer grains. Generally, virus
attachment is favored by low pH and high ionic strength,
conditions that reduce the electrostatic repulsive forces
between virus and aquifer grain surfaces (3-6). Mineral
phases characterized by positive surface charge (e.g., ferric
oxyhydroxides) at pH values typical of most drinking water
aquifers also promote extensive virus attachment through
electrostatic attraction because the surfaces of most viruses
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are negatively charged in natural waters (7-9). Organic
matter, both in the aquatic and mineral-bound phases, plays
an important role in virus transport by altering the interactions
between viruses and aquifer grains. Some researchers have
concluded that organic matter enhances virus transport by
blocking virus attachment to mineral surfaces (10-14), while
others suggest that organic matter inhibits virus transport by
promoting hydrophobic interactions between the virus and
grain surfaces (15-17). Viruses are typically introduced to
the subsurface in the presence of high concentrations of
sewage-derived organic matter; therefore, understanding of
the effect of organic matter on virus transport is important
in assessing the risks associated with virus contamination.
To test the effect of sewage-derived organic matter on
virus transport, we injected bacteriophage PRD1, a virus that
infects only specific strains of Salmonella bacteria, into an
unconfined sand and gravel aquifer and monitored their
transport over a distance of 3.6 m using multi-level samplers
(MLSs). The aquifer, located downstream of sewage infiltration beds at the Massachusetts Military Reservation, Cape
Cod, MA, has been the site of recent investigations of bacteria
and virus transport experiments (18-21). The aquifer has
been partially contaminated by the infiltrating sewage,
producing two geochemically different zones: a contaminated
zone (pH 6.0-6.7, high ionic strength, and high organic
matter) and an overlying uncontaminated zone (pH 5.0-5.7,
low ionic strength, and low organic matter). The PRD1
injection was followed by an injection of a mixture of linear
alkylbenzene sulfonate (LAS) surfactant during which we
monitored PRD1 recovery from the aquifer.
The bacteriophage PRD1 was selected for these field
experiments because it has been used as a surrogate for
transport behavior of water-borne viral pathogens (poliovirus,
hepatitis A, rotavirus) in many laboratory and field studies
(15-17, 21). Following procedures outlined by Murray and
Laband (22), the genetic material of PRD1 was radiolabeled
with 32P to allow differentiation between attachment and
inactivation of the PRD1. The LAS surfactants, injected at a
concentration of 25 mg L-1, are common detergent constituents often found in sewage effluents at this concentration
(23-25).
Reported episodes of virus contamination of groundwater
supplies indicate that viruses have been transported distances
of tens to hundreds of meters in aquifers (26, 27), but recent
field experiments have begun to identify key factors controlling virus transportssolution chemistry, aquifer mineralogy,
and preferential flow through heterogeneities and fractures
(21, 28-31). So far, field experiments have monitored virus
transport by measuring only the infective virus population,
yielding valuable estimates of public health risks, but less
information on the underlying processes that control virus
transport. Our field tests extend understanding of virus
transport in groundwater by (1) monitoring the transport of
the total virus population, not just the infective viruses, to
isolate the effects of attachment on transport, (2) comparing
transport in two geochemically different zones of the same
aquifer, and (3) assessing the effect of high concentrations
of sewage-derived organic matter on virus transport.

Experimental Section
Site Description. The virus injections were conducted in
the surficial aquifer at the U.S. Geological Survey’s Cape Cod
Toxic Waste Research Site near the Massachusetts Military
Reservation on Cape Cod, MA. The aquifer has been
contaminated by disposal of secondary sewage effluent onto
rapid infiltration sand beds for over 50 years (32), creating a
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TABLE 1. Chemistry of Groundwater and Sediment in Unconfined Glacial Outwash Aquifer about 150 m Downstream of Sewage
Infiltration Beds at the Massachusetts Military Reservation, Cape Code, MAa
constituent

units

contaminated zone

uncontaminated zone

refs

pH
specific conductance
Na+
K+
Mg2+
Ca2+
NH4+
Fe (dissolved)
Mn (dissolved)
ClNO3SO42HCO3PO43dissolved oxygen
dissolved organic carbon
MBASb
surface Fe(III)c
total Fed
sediment foc

µS cm-1
µM
µM
µM
µM
µM
µM
µM
µM
µM
µM
µM
µM
mg L-1
mg L-1
mg L-1
µmol g-1
µmol g-1

6.0-6.7
350-450
1900
200
130
210
<1
0.16
15
760
300
360
640
12
0-0.5
2.0-4.4
0.15
3.6 ( 0.3
36 ( 15
0.01

5.0-5.7
60-100
250
21
37
28
<1
<0.05
0.64
230
<10
85
28
0.74
6-11
0.4-1.0
0.02
4.7 ( 1.4
38 ( 5
<0.0001

*
*
33
33
33
33
33
33
33
33
33
33
33
33
*, 33, 38
33, 38
*, 33
*
*
32, 38

a Measurements by this study denoted by *. b MBAS, methylene blue active substances (detergents, surfactants). c Surface Fe(III) measured by
Ti(III)-citrate-EDTA-bicarbonate reduction (46). d Total Fe measured by HF/HNO3 digestion.

TABLE 2. Schedule of Injections and Initial Concentrations of
Bacteriophage PRD1, LAS, and Tracers in the 100-L
Injectatesa
duration
injection (days)
I

14

Ia

9

II

16

aquifer
zone
uncontam
contam
uncontam
contam
uncontam
contam

LAS
PRD1
surfactant
(cpm mL-1) (mg L-1)
3720
2620
257
1470
25
25

tracer
(mM)
1.9, Br1.9, Br1.9, Br1.9, Br4.2, Cl4.2, Cl-

a PRD1 measured as 32P-labeled PRD1 by radioassay. Injections Ia
and II commenced one day after the conclusion of the preceding
injections.

contaminant plume characterized by low dissolved oxygen
concentrations and elevated pH, specific conductance, and
organic carbon concentrations (Table 1). Previously, the site
has been used to study the transport of groundwater tracers,
metals, nutrients, detergents, microspheres, bacteria, protozoa, and viruses (18-21, 33-37).
The surficial aquifer consists of Pleistocene glacial outwash
deposits characterized by interbedded lenses of sand and
gravel (32, 33). The grains (average size 0.6 mm) consist
mainly of quartz coated by crystalline ferric oxyhydroxides
(38, 39). The effective porosity is 0.39, and the average
hydraulic conductivity is 110 m d-1. The water table depth
is between 6 and 7 m below the surface near the study site.
Measured groundwater velocities range from 0.3 to 1.0 m d-1
(33).
Injections. Our initial plans called for two injections, PRD1
transport (injection I) and PRD1 recovery (injection II) (Table
2). An additional PRD1 transport experiment (injection Ia)
was performed to attempt to collect samples for both total
(radioassay) and infective (plaque assay) PRD1 concentrations; however, the bacterial host used in the plaque assay
was not successfully prepared in the field laboratory during
these injections. In each of these injections, the constituents
were simultaneously injected into the up-gradient multi-level
sampler (MLS) at two depths in the uncontaminated zone
(6.4 and 6.7 m depths) and two depths in the contaminated
zone (8.7 and 9.0 m depths) (Figure 1). The next injections
were started when the bromide tracer from the previous
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FIGURE 1. Multi-level sampler (MLS) array used to conduct the
injections. Each MLS is a PVC pipe containing a bundle of 15
polyethylene tubes (0.64 cm diameter) that exit the PVC pipe at ports
separation by 25 cm. The MLS located 1.8 m down-gradient of the
injection MLS is located about 15 cm off the line formed by the other
four MLSs. The transport distances, the depths below the surface,
the approximate depths to the water table, and the transition between
the uncontaminated and contaminated zones of the aquifer are noted.
The injection depths (6.4, 6.7, 8.7, and 9.0 m) and the monitoring
depths receiving most of the injectate mass (6.4 and 9.0 m) are
italicized.
injection broke through at the sampling MLS furthest downgradient (3.6 m transport distance).
For injections into the oxic uncontaminated zone, we first
removed groundwater from the ports at 6.4 and 6.7 m depths
of the up-gradient injection MLS into an open, acid-cleaned
115-L polyethylene vessel using two peristaltic pumps. The
injection constituents were added to the uncontaminated
groundwater to make a total of 100 L of injectate and stirred
to mix with an acrylic tube. For injections into the suboxic
(<0.3 mg L-1 O2) contaminated zone, we removed groundwater from the ports at 8.7 and 9.0 m depths of the up-gradient
injection MLS into a collapsed, gas-impermeable, acidcleaned, N2-sparged 100-L fuel bladder (Aero Tech Lab;

Ramsey, NJ) without introducing air. The injection constituents were added when the bladder was about one-quarter
full and mixed by agitating the bladder. The two 100-L
injectates were then simultaneously pumped back into the
same depths from which they were removed at a flow rate
of about 1.0 L min-1 for about 1.7 h.
Sampling. We sampled seven depths in four MLSs located
down-gradient of the injection MLS (Figure 1). Immediately
before and after the injections, we sampled all depths of the
injection and monitoring MLSs to measure background and
initial concentrations (C0) for each constituent. Daily samples
were collected at a rate of about 200 mL min-1 by connecting
peristaltic pump tubing (Norprene) directly to the MLS tubes
(polyethylene). Following purging of about 200-300 mL of
water standing in the MLS tubes, pH (pH paper, J.T. Baker
Inc.), dissolved oxygen (CHEMet-kits, CHEMetrics, Inc.),
specific conductance, and temperature (Checkmate 90 meter,
Corning, Inc.) were measured for each sample (average values
reported in Table 1). Samples were collected in polyethylene
bottles prerinsed with a small amount of the sample
groundwater and stored on ice in coolers in the field.
In the uncontaminated zone, the tracer transport velocity
ranged from 0.8 to 1.3 m d-1. In the contaminated zone, the
tracer transport velocity was 0.4-0.7 m d-1. Significant
breakthrough of the injected constituents occurred in five of
the seven MLS depths monitored. The breakthroughs
representing the greatest mass of the constituents injected
occurred at depths of 6.4 m in the uncontaminated zone and
of 9.0 m in the contaminated zone (Figure 1). Our description
of the transport behavior of the injected constituents will be
limited to breakthroughs measured at these two depths.
Complete breakthrough data are available in Pieper (40).
Tracers. We used 1.9 × 10-3 M NaBr as the conservative
tracer for injections I and Ia and 4.2 × 10-3 M NaCl for injection
II (to avoid overlapping bromide plumes). Bromide concentration was measured using a bromide-specific electrode
(Orion 9435), a reference electrode (Beckman 39841), and a
Beckman Φ12 pH/ISE meter. Chloride concentration was
measured using a combination chloride-specific electrode
(Orion 961713). Error for replicate samples was less than 5%
for these measurements. The relative detection limit of the
bromide and chloride analyses was C/C0 ) 0.0067.
Virus. The bacteriophage PRD1 is characterized by a
diameter of 62 nm, a pHiep < 4 in a calcium-phosphate
solution (15), and a hydrophobic lipid layer (1). It is similar
in size and surface character to many enteroviruses (41), and
its inactivation rate in groundwater is relatively slow (42, 43).
The radiolabeled PRD1 stocks were prepared following
methods outlined in Loveland et al. (9). Before injection, the
virus stock was extensively purified to remove organic matter
and unincorporated 32P by rate-zonal ultracentrifugation.
Fractions in which the 32P label and the infective viruses
coincided were pooled and resuspended in phosphate buffer
solution for addition to the injectate. The initial virus
concentrations varied considerably from injection to injection
(Table 2).
Samples were shipped every 5 days to the USGS laboratory
in Boulder, CO, mixed with scintillation cocktail (Packard
Ultima Gold), and measured by liquid scintillation counting
(Beckman LS3801). All 32P count rates were adjusted for
the background count rate (110 ( 4 counts min-1) and radioactive decay. Error between replicate samples for this method
was about 10%. The relative detection limit of this method
was C/C0 ) 0.002-0.031 depending on the 32P-PRD1 C0
value.
The total PRD1 number concentration of the 32P-labeled
stocks was estimated by measuring the optical density of the
PRD1 stocks at λ ) 260 nm and relating it to the extinction
coefficient for the proteins in virus capsids (22). Following
this technique, a 32P count rate of 1 count min-1 corresponded
to 30 and 35 PRD1 viruses for the two PRD1 stock suspen-

sions. The error in this relationship between 32P count rate
and total PRD1 number concentration was estimated at
30%.
Linear Alkylbenzene Sulfonates. The LAS mixture added
to the injectate is comprised of isomers with aliphatic chains
ranging from C10 to C14 and average molecular mass of 325.5
Da. The mixture is classified as 50.5% active (i.e., 50.5% by
weight of the mixture is LAS isomers; 47.4% water, 1.2% neutral
oils, and 0.9% sulfate) by its supplier, Vista Chemical Co.
(Alston, TX). The oils contained in this mixture are unsulfonated linear alkylbenzenes and bis(alkylphenyl) sulfones.
The injectate concentration of the LAS was 7.7 × 10-5 M (25
mg L-1), or about 5% of the critical micelle concentration
(cmc) of a similar commercial LAS mixture containing neutral
oils, 1.4 × 10-3 M (44). LAS concentration was usually
measured immediately upon return to the field laboratory
using methylene blue active substances (MBAS) kits for
measuring detergents (CHEMetrics, Inc.). When it was not
possible to perform the MBAS analysis immediately, samples
were preserved by adding 2.5 mL of formalin to each sample
to avoid biodegradation. Background MBAS concentration
in the aquifer never exceeded 0.5 mg L-1. The error for this
procedure was 15% among replicate samples. The relative
detection limit for LAS was C/C0 ) 0.010.
Ferric Oxyhydroxide Coatings. Continuous vertical cores
were retrieved about 15 m east of the injection array for
measurement of the total Fe and “surface” Fe(III) in ferric
oxyhydroxide coatings. Owing to the density of the MLS array,
cores could not be obtained closer to the injection array. The
cores were recovered using a hollow stem auger and an in
situ quick-freeze technique that uses liquid CO2 to freeze a
plug of sediment at the bottom of the sampling tube to retain
pore water (45). The cores were collected in acrylic tubes
that were capped, sealed with tape, and shipped in coolers
to the University of Colorado where they were sectioned into
40-60 cm lengths and stored at 4 °C. Pore water was extracted
from each core section and measured for pH and specific
conductance to identify the core section as uncontaminated
or contaminated. Samples from three uncontaminated and
three contaminated core sections were measured for surface
Fe(III) by the Ti(III)-citrate-EDTA-bicarbonate method (46)
and for total Fe by HF/HNO3 digestion in heated Teflonlined bombs in duplicate or triplicate analyses. The iron
concentrations were measured by inductively coupled
argon plasma atomic emission spectroscopy (Varian Liberty
150 AX Turbo). Error in replicate samples was less than
20%.
Calculation of Retardation, Attenuation, Collision Efficiency, and Recovery. Retardation factors (RF) for PRD1
and LAS were calculated as the ratios of time required to
reach the maximum dimensionless concentrations at downgradient MLSs to that for the tracers. Estimates of retardation
factors are only approximate due to the sampling interval
(daily) and peak concentrations near the lower detection limit,
the background 32P count rate.
The relative breakthrough (RB) of an injected constituent
is a comparison of the time-integrated mass of the constituent
relative to that of the conservative tracer (18):

RB (%) )

[∫

tf

[C]t

t0

[C]0

/

dt

tf

[tracer]t

t0

[tracer]0

∫

]

dt × 100

(1)

where [C]0 is the PRD1 or LAS concentration in the injection
MLS, [tracer]0 is the bromide or chloride concentration in the
injection MLS, [C]t and [tracer]t are the concentrations at
time t, and t0 and tf are the times of the beginning and end
of breakthrough. The attenuation (%) of an injected constituent is 100 - RB.
The collision efficiency, R, the ratio of the rate of collisions
resulting in attachment to the total rate of collisions between
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FIGURE 2. Injection I breakthrough curves at the four transport distances for PRD1 (32P-labeled) and bromide: (a) uncontaminated zone
(depth 6.4 m) and (b) contaminated zone (depth 9.0 m). The constituent and tracer concentrations were normalized to their concentrations
at the same depth in the injection well on day 0. During injection I, the tracer traveled faster than anticipated in the uncontaminated zone.
Injection Ia breakthrough curves displayed similar characteristics. Breakthrough at 1.8 m transport distance is small because the MLS
is located slightly off the gradient direction. Error bars show the range of samples analyzed twice.
particles and collector grains, was calculated for the pulse
input of PRD1 as (19)

d[[1 - 2(RL/x) ln (RB)]2 - 1]
R)

6(1 - θ)ηRL

(2)

where d is the average grain diameter (0.6 mm), RL is the
longitudinal dispersivity (m), x is the transport distance (the
down-gradient distance of the monitoring MLS), θ is the
porosity (0.39), and η is the single collector efficiency (47, 48).
The longitudinal dispersivity was calculated as (19)

x(∆t/tpeak)2
RL )

(3)

16 ln 2

where ∆t is the time (days) during which [PRD1]t >
1/2[PRD1]max and tpeak is the time to peak concentration (days).
The RL value calculated for uncontaminated zone during
injection Ia was used for injection I because complete
breakthrough curves were not sampled. The single collector
efficiency of PRD1 was calculated using only the Brownian
diffusion contribution to η (48) because the deposition of
sub-micrometer particles is dominated by Brownian diffusion:

η ) 0.9As1/3

( )
kBT
µdpdv

2/3

(4)

where As is the Happel sphere-in-cell model correction factor,
kB is the Boltzmann constant (1.38 × 10-23 J mol-1 K-1), T is
the absolute temperature (288 K), µ is the dynamic viscosity
of the fluid (1.139 × 10-3 kg m-1 s-1), dp is the PRD1 diameter
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(6.2 × 10-8 m), d is the average grain diameter, and v is the
fluid velocity for the uncontaminated (1.0 m s-1) and
contaminated (0.5 m s-1) zones. The Happel correction factor,
for  ) (1 - θ)1/3, is (48)
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As )

1 - 5
1 - 1.5 + 1.55 - 6

(5)

The recovery (%) of PRD1 by LAS was estimated as the
amount of PRD1 recovered during injection II divided by the
amount of PRD1 attenuated during injections I and Ia. The
amount attenuated over the first meter of transport was
calculated as the difference between the amount injected
and the amount appearing at the 1.0 m transport distance
integrated over time and summed for injections I and Ia. The
amount of PRD1 recovered during injection II was calculated
as the amount appearing at the 1.0 m transport distance
integrated over time for each depth.

Results
Injections I and Ia, PRD1 Transport. In the uncontaminated
zone, most of the PRD1 was attenuated over the first 1.0 m
of transport (Figure 2, Table 3). The unattenuated PRD1
migrated through the contaminated zone at approximately
the same velocity as the bromide tracer. Far less PRD1 was
attenuated in the contaminated zone than in the uncontaminated zone. The relative breakthroughs decreased over
the first 1.8 m of transport distance, but they remained nearly
constant over the remaining 1.8 m of transport distance
(Figure 3). The amount of 32P-labeled PRD1 added in injection
Ia was substantially less than that added in injection I (Table
2), but the results were qualitatively similar.

TABLE 3. Retardation Factors (RFs), Maximum Concentrations, Relative Breakthroughs (RBs), Attenuations, and Collision
Efficiencies (r) for PRD1 at 1.0 m Transport Distancea
constituent
PRD1

injection no.
I

PRD1

Ia

LAS

II

aquifer zone

RF

(C/C0)max at 1.0 m

RB at 1.0 m (%)

attenuation at 1.0 m (%)

r at 1.0 m

uncontam
contam
uncontam
contam
uncontam
contam

ndb

0.033
0.097
0.06
0.15
0.75
0.71

12
67
22
50
86
88

88
33
78
50
14
12

0.013
0.0014
0.009
0.0026
nac
na

1.0
1.0
1.0
1.0
1.0

a RB values calculated using eq 1. Attenuation calculated as 100 - RB (%). Collision efficiency calculated using eq 2. Uncontaminated zone results
were obtained at a depth of 6.4 m; contaminated zone results were obtained at a depth of 9.0 m. b nd, not determined with available data owing
to very low PRD1 concentrations. c na, not applicable.

FIGURE 3. Relative breakthrough of PRD1 in uncontaminated and
contaminated zones as a function of distance down-gradient during
injections I and Ia.
Injection II, PRD1 Recovery. In the uncontaminated
zone, injection of LAS recovered 2.2% of the PRD1 attached
over the first meter of transport (Figure 4). In the contaminated zone, LAS flushing recovered 87% of the PRD1
attenuated over the first 1.0 m of transport distance.
Breakthrough of the LAS was approximately coincident with
the breakthrough of the chloride tracer in both zones (Figure
4). The attenuation of LAS was approximately the same, 14
and 12%, in the uncontaminated and contaminated zones
(Table 3). In the contaminated zone, the appearance of
released PRD1 coincided with the appearance of chloride
and LAS at the 1.0 m transport distance; however, PRD1
concentration decreased slowly after the passage of the LAS
plume.
Ferric Oxyhydroxide Coatings. The surface Fe(III) and
total Fe concentrations of the uncontaminated and contaminated core sections were not significantly different (Table
1). About 10-12% of the total Fe is surface Fe(III) in both
cores. The surface Fe(III) and total Fe concentrations
measured are similar to those measured by Scholl and Harvey
(38) and Coston et al. (39) at the Cape Cod site.

Discussion
PRD1 Transport and Attachment. About three times more
PRD1 migrated through the first meter of the contaminated
zone than through the first meter of the uncontaminated
zone. PRD1 that eluded attachment traveled at the same
rate as the bromide tracer in both zones; thus, PRD1 transport
was limited mainly by attenuation and not retardation. The
attenuation can be attributed to attachment that can be
considered predominantly irreversible with respect to the
chemical conditions of the aquifer and the time scale of the
experiment. We surmise that the greater breakthrough of
PRD1 through the contaminated zone, reflected by the lower
collision efficiencies (Table 3), can be attributed primiarly to

elevated organic matter concentrations in the contaminated
zone.
In the uncontaminated zone, it is likely that the PRD1
attenuation was caused by electrostatic attraction between
oppositely charged PRD1 and ferric oxyhydroxide surfaces.
Based on the measured pHiep values, the PRD1 surface should
be negatively charged (15) and the ferric oxyhydroxide
coatings on the quartz grains should be positively charged
(49) at the pH of the uncontaminted groundwater, about 5.5.
In experiments designed to simulate PRD1 interactions with
the Cape Cod aquifer material, PRD1 attached to quartz grains
coated by ferric oxyhydroxides below pH 7.5, but not above
(9, 50). Extensive attachment of bacteria to ferric oxyhydroxide coatings has also been observed at pH values below
7-8 (38, 51, 52).
The difference in PRD1 transport between the contaminated and uncontaminated zones may be affected by five
differences in the groundwater chemistry caused the infiltration of treated sewage: (1) higher organic matter content, (2)
higher phosphate and sulfate concentrations, (3) higher pH,
(4) higher ionic strength, and (5) higher bivalent cation
concentrations. Higher organic matter concentrations would
enhance PRD1 transport by blocking virus attachment sites
(10-14) or inhibit PRD1 transport by promoting hydrophobic
interactions (15-17). Higher phosphate concentrations and
pH would enhance PRD1 transport, while higher ionic
strength and bivalent cation concentrations would inhibit
PRD1 transport.
The higher organic matter content of the contaminated
zones2-11 times as much dissolved organic carbon and at
least 100 times as much sediment organic carbonsappeared
to play the dominant role in enhancing PRD1 transport.
Natural forms of organic matter adsorb strongly to ferric
oxyhydroxides primarily by surface complexation (53, 54),
leading to colloidal stability of ferric oxyhydroxide suspensions
through charge reversal at very low concentrations (e1 mg
L-1) (55-57). Most of the dissolved organic matter near the
sewage infiltration beds is poorly characterized (23, 25), so
it is difficult to quantify its effect on ferric oxyhydroxide surface
charge. In most cases, however, the addition of sewagederived organic matter to virus suspensions is effective in
enhancing virus transport through porous media (14, 58).
The additional organic matter in the contaminated zone
apparently did not promote attachment of viruses to aquifer
grains by hydrophobic interaction as proposed by Kinoshita
et al. (17).
Phosphate and sulfate, present at elevated concentrations
in the contaminated zone, could also have contributed to
enhanced PRD1 transport. Liang and Morgan (59) showed
that relatively low phosphate concentrations were capable of
reversing the surface charge of hematite suspensions; however, adsorption of organic matter on hematite achieves
charge reversal at lower surface coverages (55). Typically,
sulfate is less effective than phosphate at causing charge
reversal; therefore, we expect that organic matter is the major
factor in enhancing PRD1 transport.

VOL. 31, NO. 4, 1997 / ENVIRONMENTAL SCIENCE & TECHNOLOGY

9

1167

FIGURE 4. Injection II breakthrough and recovery curves at the 1.0 m transport distance for PRD1 (32P-labeled), LAS, and chloride in (a)
the uncontaminated zone (depth 6.4 m) and (b) the contaminated zone (depth 9.0 m). The PRD1 concentration is presented as the backgroundand decay-adjusted 32P count rate per sample volume (cpm mL-1). The LAS and tracer concentrations were normalized to their concentrations
at the same depth in the injection well on day 0.
The average pH of the contaminated groundwater, about
6.2, is slightly higher than the average pH of the uncontaminated groundwater, about 5.5. A pH increase from 5.5 to 6.2
will decrease the positive charge on ferric oxyhydroxides, but
it should not cause charge reversal because the pH of the
contaminated groundwater is still below the pHiep of ferric
oxyhydroxides, about 7-8. Therefore, the pH increase is
unlikely to have enhanced the PRD1 transport significantly.
The ionic strength and bivalent cation concentrations of
the contaminated groundwater are about 4-7 times greater
than those in the uncontaminated groundwater. Increases
in ionic strength and bivalent cation concentrations generally
increase the extent of virus attachment through double-layer
compression and shielding of repulsive interactions (4, 60,
61). However, the enhanced PRD1 transport in the contaminated zone suggests that the presence of organic matter
counteracted the effect of elevated ionic strength and bivalent
cation concentration.
Comparison of Collision Efficiencies. The collision
efficiencies measured for PRD1 transport (0.0014-0.013) are
similar to those measured for the transport of other “biocolloids” at the Cape Cod site. Harvey and colleagues
measured R values of 0.0054-0.0097 for indigenous bacteria
of 0.4-0.7 µm diameter (18) and 0.026-0.069 for flagellated
protozoa of 2-3 µm diameter (20). The relative value of the
collision efficiencies should be a direct indicator of the
intersurface forces experienced by each of these biocolloids
as they approach the Cape Cod aquifer grains; however, details
of the surface chemistry of the bacteria and protozoa (i.e.,
pHiep) are not available for comparison.
Our field-measured collision efficiencies for the PRD1 are
much lower than the collisions efficiencies measured by
Kinoshita et al. (17) for PRD1 attachment in laboratory
columns containing the same Cape Cod sediments (R values
of 0.59-g0.94 over a pH range of 5.7-8.2). In the laboratory
experiments, the PRD1 were suspended in solutions free of
organic matter. The difference in the collision efficiencies
suggests that even the low concentrations of dissolved natural
organic matter in uncontaminated groundwater, 0.4-1.0 mg
L-1, enhanced PRD1 transport. The laboratory-measured
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collision efficiencies were measured in a calcium-phosphate
solution; however, the concentration of the calciumphosphate solution was not given, so the effect of phosphate
on the surface charge of the ferric oxyhydroxides cannot be
determined.
Reversible Attachment and Surface Heterogeneity. We
observed that the rate of attenuation of PRD1 over distance
was not maintained during injections I or Ia (Figure 3). The
plateau in the relative breakthroughs of PRD1 over distance
suggests that either (1) a small fraction of the PRD1 virus
population with anomalous surface properties resisted attachment or (2) a small fraction of the attached PRD1 was
released after the major pulse passed. While the first
possibility must be tested in future studies, the second
possibility may be supported by the presence of patchy ferric
oxyhydroxide coatings on the quartz grains (39). At the pH
of the uncontaminated groundwater, about 5.5, attachment
to the ferric oxyhydroxides is expected to be irreversible, but
attachment to quartz is expected to be reversible (7, 9). Thus,
it is possible that a small fraction of the PRD1 attached
temporarily to uncoated patches of the quartz grains and
was later released after the PRD1 plume passed. Bacteria
transport through the Cape Cod aquifer has been modeled
as a combination of irreversible and reversible attachment
corresponding to deposition of bacteria in the primary
minimum and secondary minimum of the DLVO (62, 63)
potential energy between surfaces (19). It is possible that the
irreversible and reversible bacteria attachment behavior was
caused by bacteria attachment to heterogeneous grain
surfaces. Recent advances in colloid deposition theory have
included consideration of heterogeneous grain surfaces (64).
PRD1 Recovery by LAS. The addition of the LAS mixture
remobilized most of the attached PRD1 in the contaminated
zone (about 87%) but not in the uncontaminated zone (only
2.2%). It is unlikely that LAS directly affected the PRD1 surface
charge (65); therefore, we anticipated that LAS would effectively remobilize PRD1 by affecting the surface charge of
the ferric oxyhydroxide coatings. Laboratory experiments
have shown that LAS adsorption can cause reversal of surface
charge on aluminum oxides (66-69). Without direct evidence

of surface charge in the aquifer, we must surmise that the
amount of LAS injected into the uncontaminated zone was
insufficient to cause charge reversal; hence, only a very small
amount of the PRD1 was mobilized. On the other hand, the
LAS injected into the contaminated zone appears to have
been sufficient to cause complete charge reversal because
the many of the attachment sites on the ferric oxyhydroxides
must have already been blocked by adsorbed organic matter
from the sewage plume.
In the uncontaminated zone, LAS moved through the
aquifer at about the same rate as the chloride tracer, but
about 14% of the LAS was attenuated over the first meter of
transport, indicating that some adsorption of LAS occurred.
Using estimates of the cross-sectional flow area around a
single MLS port (625 cm2, based on the 25 cm vertical
separation distance between the MLS ports), the average
amount of ferric oxyhydroxides (4.7 µmol g-1; Table 1), and
a typical surface area for natural goethites (50 m2 g-1; 70), we
can roughly estimate the LAS adsorption density on the ferric
oxyhydroxide coatings as about 1.9 × 10-8 mol m-2. This
adsorption density is less than that required for hemimicelle
formation, the prerequisite for charge reversal, by LAS on
alumina (67). Without charge neutralization or reversal, it is
unlikely that the adsorption of LAS would have caused mobilization of the attached PRD1 in the uncontaminated zone.
The attenuation of LAS over the first meter of transport
in the contaminated zone (12%) was slightly less than that
attenuated in the uncontaminated zone; therefore, the
adsorption density was also below that expected for hemimicelle formation and charge reversal. Nevertheless, LAS
flushing resulted in near-complete recovery of the attached
PRD1. We surmise that the addition of LAS to the contaminated zone effectively remobilized the attached PRD1 because
fewer virus attachment sites exist in the contaminated plume
due to the presence of substantial amounts of adsorbed
organic matter.
The release of PRD1 was slow relative to the LAS
breakthrough in the contaminated zone (Figure 4), suggesting
that the adsorption of LAS (in addition to the organic matter
already present) produced weak electrostatic repulsion
between the attached PRD1 and grain surfaces. If the
repulsion between the attached PRD1 and aquifer sediments
were strong, we would expect that the PRD1 would have been
released rapidly because the kinetics of colloid release from
surfaces are theoretically related to the strength of the
repulsive intersurface force (71, 72).
Implications for Virus Transport Modeling. The results
of these field tests suggest that virus attachment to aquifer
grains is primarily an irreversible process that can be
adequately described by colloid filtration (47, 48). Because
the colloid filtration model is limited to “clean bed” deposition,
exceptions still must be made for situations involving the
blocking of attachment by previously attached viruses and
the heterogeneity of aquifer grain surfaces (64, 73). Current
models of virus transport in groundwater (15, 16, 74-78)
utilize a range of attachment processes from reversible
partitioning to two-site reversible and irreversible attachment;
however, the concurrent breakthrough of viruses with conservative tracers in this and other field experiments conducted
in porous media (21, 28, 31) indicate that virus attachment
to aquifer sediments is predominantly irreversible. The
possible contribution of surface heterogeneity to reversible
virus attachment, which may be responsible for the decreasing
PRD1 removal with distance observed in this field test, merits
further investigation. These results may also serve to
emphasize that spatial or temporal changes in geochemical
conditions during virus transport must also be considered in
virus transport modeling.
The effect of organic matter in virus attachment must be
considered for accurate prediction of virus transport times.
To advance our ability to a priori predict the extent of virus

transport, two key needs must be addressed: (1) measurements of virus and aquifer grain surface properties and (2)
better understanding of the relationship between virus and
aquifer grain surface properties and the frequency with which
virus collisions with aquifer grains result in attachments. The
results of this research suggest that organic matter plays an
important role in the surface properties of aquifer grain surfaces and, hence, in virus attachment. Because virus transport
scenarios typically involve elevated concentrations of sewagederived organic matter, the need to comprehend the role of
organic matter on virus-aquifer grain interactions is acute.
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(68) Böhmer, M. R.; Koopal, L. K. Langmuir 1992, 8, 2649.
(69) Sivakumar, A.; Somasundaran, P.; Thach, S. J. Colloid Interface
Sci. 1993, 159, 481.
(70) Schwertmann, U. In Iron in Soils and Clay Minerals; Stucki, J.
W., Goodman, B. A., Schwertmann, U., Eds.; NATO ASI Series
C, Vol. 217; D. Reidel: Dordrecht, 1988; pp 203-250.
(71) Ruckenstein, E.; Prieve, D. C. AIChE J. 1976, 22, 276.
(72) Ryan, J. N.; Gschwend, P. M. J. Colloid Interface Sci. 1994, 164,
21.
(73) Ryan, J. N.; Elimelech, M. Colloids Surf. A: Physicochem. Eng.
Asp. 1996, 107, 1.
(74) Corapcioglu, M. Y.; Haridas, A. J. Hydrol. 1984, 72, 149.
(75) Yates, M. V.; Yates, S. R.; Wagner, J.; Gerba, C. P. J. Contam.
Hydrol. 1987, 1, 329.
(76) Tim, U. S.; Mostaghimi, S. Ground Water 1991, 29, 251.
(77) Park, N.-S.; Blanford, T. N.; Huyakorn, P. S. VIRALT: A model for
simulating viral transport in groundwater, Documentation and
user’s guide, Version 2.1; HydroGeoLogic, Inc.: Herndon, VA,
1992.
(78) Park, N.-S.; Blanford, T. N.; Wu, Y.-S.; Huyakorn, P. S. CANVAS:
A composite analytical-numerical model for viral and solute
transport simulation, Documentation and user’s guide, Version
1.0; HydroGeoLogic, Inc.: Herndon, VA, 1993.

Received for review August 2, 1996. Revised manuscript received October 31, 1996. Accepted November 20, 1996.X
ES960670Y
X

Abstract published in Advance ACS Abstracts, February 1, 1997.

