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1. Colloid-Facilitated Transport of Contaminantsin Laboratory
and Field Experiments

1.1. Overview of Colloid-Facilitated Transport of Contaminants

In 1989, McCarthy and Zachara[1] gave credence to the growing suspicion that “mobile
colloids in the subsurface environment may alter the transport of contaminants.” Their review
brought widespread recognition to the concept of “colloid-facilitated transport,” the enhancement
of contaminant transport resulting from the strong association of contaminants with mobile
colloids (Figure 1). Although evidence of therole of colloidsin facilitating the subsurface
transport of contaminants appeared as early as 1968 [2-4], most predictions of contaminant
transport were still based on two-phase equilibrium adsorption models (a dissolved phase and a
sorbed, immobile phase). In some cases [5,6], these models were severely under-predicting the
transport of certain strongly sorbing contaminants. McCarthy and Zachara[1] clearly
emphasized the need to consider three phases in contaminant transport models (dissolved, sorbed
to immobile subsurface materials, and sorbed to mobile colloids). Most importantly, their review
spurred and guided a strong body of research over the last decade on colloid occurrence and
properties, contaminant association with colloids, colloid transport, and colloid-based mitigation
and remediation of contamination.

The goal of thisreview isto summarize our progress in addressing these colloid-facilitated
transport issues over the last decade. The review is organized according to the three basic
criteriafor colloid-facilitated transport [1,7]:

1. Colloids must be present in sufficient amount to compete with the immobile subsurface

materials for contaminant sorption.

2. Contaminants must associate extensively and virtually irreversibly with colloids.



3. Colloids must transport the contaminants into contaminant-free regions of the subsurface.
In the remainder of thisfirst section, we examine laboratory and field evidence of colloid-
facilitated transport presented in the last decade. The second section of thisreview covers the
types of colloids and their mechanisms of generation in subsurface environments. The third
section outlines the basic mechanisms and kinetics of contaminant association with colloids. The
fourth section describes the role of hydrodynamics and surface chemistry in the transport of
colloids. Over the past decade, colloid-facilitated transport of contaminants has been reviewed
by Buffle and van Leeuwen [8,9], Swanton [10], Ouyang et al. [11], Ryan and Elimelech [7], and
Kretzschmar et a. [12].

In this review, we focus on the genesis and transport of inorganic mineral colloids and their
natural organic matter coatings. Dissolved natural organic matter is also important in facilitating
the transport of metals [13-16] and nonpolar organic compounds [13, 17-20], but we do not
consider dissolved organic matter in this review because the genesis and transport of dissolved
organic matter are governed by different mechanisms. Colloid-facilitated transport has also been
attributed to bacteria [20-23] and their extracellular polymers[24], but we do not consider
contaminant transport facilitated by “biocolloids’ because it is unlikely that such materials would
be sufficiently abundant in natural subsurface environments to significantly affect contaminant
transport. We also focus on colloid generation and transport processes that occur in saturated
porous media. In the unsaturated zone, the same basic criteriafor colloid-facilitated transport
apply, but the processes of colloid generation and transport are complicated by variable degrees
of soil wetness, periodic flushing of soils by infiltrating rainfall, preferential flow path

development, and other issues [25-28].



1.2. Colloid-Facilitated Transport of Contaminants in Laboratory Experiments

Over the last decade, colloid-facilitated transport experiments have been conducted in the
laboratory with awide variety of contaminants and colloids (Table 1). Colloid-facilitated
transport has been demonstrated for alkaline and alkali earth cations (Cs and Sr), transition
metals (Ni, Co, Cu, and Pb), oxyanions (arsenate and iodate), non-polar organic compounds
(phenanthrene and pyrene) and a polar organic compound (the pesticide prochloraz). The
colloids responsible for facilitated transport of these contaminants include polystyrene latex
microspheres, kaolinite, goethite, hematite, and colloidal material isolated from natural soils and
sediments. For the non-polar organic contaminants, colloid-facilitated transport was tested only
with polystyrene latex microspheres [29,30], giving us little to assess the potential for natural
colloids to facilitate the transport of such compounds. Most of these experiments present clear
evidence that the presence of colloids accelerates the breakthrough of the contaminants (Figure
2).

Generally, the contaminants and colloids were selected to demonstrate that colloid-
facilitated transport occurs and to assess the effect of other solution chemistry and porous media
properties on colloid-facilitated transport. For example, high pH minimizes colloid deposition
under most circumstances and increases the ability of colloids to facilitate contaminant transport
[30,31]. High ionic strength reduced the colloid-facilitated transport of various transition metals
by preventing the mobilization and transport of colloidal material from the soil porous medium
[32]. Inaddition to its effect on colloid transport, high ionic strength also diminished the colloid-
facilitated transport of cesium by kaolinite by competing for ion exchange sites on the kaolinite
colloids[33]. Unfortunately, the laboratory experiments have not frequently been used to assess

the extent of contaminant-colloid association needed to make colloid-facilitated transport



significant. Only Satmark et al. [31] included a non-sorbing compound (Na') as a control to
demonstrate that strong association (such as that observed for Cs and iodate to goethite) is

necessary for colloids to facilitate contaminant transport.

1.3. Colloid-Facilitated Transport of Contaminantsin Field Experiments

Studies of colloid-facilitated transport in the field are dominated by actinides and transition
metals (Table 2). Some of the field evidence for colloid-facilitated transport comes from
assessments of actinide transport near underground deposits of uranium — so-called “ natural
analogue” studies[34-36]. These sites are of great interest for assessing the future performance
of nuclear waste repositories. Detection of U, Th, and Ra associated with colloids in the
groundwaters surrounding these deposits at distances from hundreds of meters to tens of
kilometers seems to be strong evidence for colloid-facilitated transport; however, researchers
must show that the colloids sampled at these distances from the deposits are not ssimply in
equilibrium with the actinide content of the surrounding sediments. Likewise, detection of
colloid-associated radionuclides near nuclear bomb test sites and nuclear waste sites [37-39]
must show that the colloid-associated radionuclides are the only form to migrate over these
distances. Only Magaritz et al. [40] was able to show that the metals associated with the colloid
fraction recovered in their passive groundwater samplers were enriched relative to the metal
content of the surrounding sediment.

In the only study to show colloid-facilitated transport of organic contaminantsin the field,
Villholth [41] showed that the extent of association of PAHs to colloids was linearly related to

the octanol-water partition coefficient of the compounds at one field site and that colloid-



facilitated transport was undetectable at another. The most significant difference between the
sites was the amount of organic matter associated with the colloid phase.

The detection of colloid-associated actinides at the Cigar Lake siteled Vilks et al. [36] to
emphasize the need for essentially irreversible association between colloid and contaminant for
colloid-facilitated transport to occur. For colloid-facilitated transport to be significant, the
contaminant must remain bound to the colloid even when the colloid carries the contaminant
away from the contaminant source and into regions the contaminant has not yet reached. If
contaminant-colloid association were governed by equilibrium sorption, the contaminant would
desorb from the colloids to re-equilibrate with the surrounding groundwater and subsurface
materials. Some recent models of colloid-facilitated transport have shown very slow desorption
kinetics are necessary for colloid-facilitated transport to be significant for both actinides [42] and
nonpolar organic compounds [43].

Showing that colloid-facilitated transport of contaminantsis occurring in thefield is
substantially more difficult than in the laboratory [44]. Usually, colloid-free control experiments
cannot be conducted in the field to contrast contaminant transport in the absence and presence of
the colloid. With thisin mind, field studies must be carefully evaluated against the three criteria
for colloid-facilitated transport. In addition, these three criteria should be used to design future
field studies assessing colloid-facilitated transport.

Thefirst criterion, that colloids be present, is ostensibly satisfied by all of the field
studies — there certainly were colloids in the samples. To be thorough, though, we must evaluate
the possibility that the colloids were mobilized during sampling and were not truly mobile in the
groundwater. With the exception of Magaritz et al. [40], field studies have been conducted by

pumping water samples from wells. A growing body of research indicates that sampling for



colloidsis representative only at low pumping rates — generally less than 1 L min™ [45-49] or
under passive sampling conditions [40,50]. At high pumping rates (greater than 1 L min'™), shear
is expected to induce the mobilization of colloids not truly mobile in the groundwater. The depth
of the wells at some sites limited researchers to high-capacity pumps and high pumping rates
[37,39]. The high pumping rate problem can be overcome by pumping until the colloid
concentration in the groundwater has stabilized, but such a procedure was not used in these field
tests. Of course, high pumping rates could mobilized colloid-associated contaminants only if the
contaminants had been transported to the vicinity of the sampling well, so the presence of
contaminants, whether truly mobile with colloids or not, indicates some kind of anomalous
transport. Preferential flow paths, like those that might be found in the fractured tuff present at
the Nevada Test Site, may also plausibly explain the rapid transport of the radionuclides.

One widely cited field study claiming colloid-facilitated transport has been disputed over
proper identification of the contaminant flow path to the sampling locations. Penrose et al. [51]
observed plutonium and americium associated with colloids about 3.4 km from the nearest waste
source in an aluvial aquifer near Los Alamos National Laboratory. They contended that the
colloids had facilitated the transport of these actinides through the alluvial aguifer. Recently,
however, Marty et al. [52] used isotopic evidence to show that the plutonium could not have
reached the sampling wells by subsurface transport. They contended that the plutonium was
transported by surface flow and infiltrated into the aquifer at the sampling locations.

Some researchers have taken precautions to avoid assuming that colloid-facilitated
transport has occurred. Notably, Gounaris et al. [53] detected metals and nonpolar organic
compounds associated with colloidal phasesin landfill leachate, but concluded that this

association would not lead to colloid-facilitated transport. Assuming equilibrium between the



agueous, colloidal, and solid phases of the sediment, they calculated that the presence of colloids
would result in decreases in retardation factors for strongly binding contaminants, but the
resulting contaminant transport velocities were still negligible. It is clear from thistype of
calculation that the assumption of equilibrium will always indicate that colloid-facilitated
transport will not be important because the contaminant will desorb from the colloids to the more
abundant aquifer solids as the colloids move away from the contaminant source.

The second and third criteria, that the contaminant sorption to the colloids be strong and
essentialy irreversible and that the colloids and the associated contaminants were transported
into contaminant-free regions of the subsurface environment, have been checked in only a
piecemeal fashion. Vilkset al. [36] measured isotopic ratios of uranium and thorium to show
that the actinides had been associated with colloids for aslong as 8,000 y. Penrose et al. [51]
measured no desorption of plutonium, but substantial desorption of americium, from colloids
over 2 d equilibration periods. A more direct check of both of these criteriawould involve
demonstrating that the subsurface material surrounding the sampling location isrelatively free of
contaminants. Only Magaritz et al. [40] showed that the colloids contained greater proportions

of the contaminant metals than the surrounding sediments.

1.4. When Colloid-Facilitated Transport Does Not Occur

Perhaps the most instructive assessment of colloid-facilitated transport is to examine the
situationsin which it did not occur (Table 3). Identifying the conditions that did not lead to
colloid-facilitated transport will help delineate the transport criterialisted above. For example,

how many colloids is enough to foster colloid-facilitated transport? How strong does the



contaminant-colloid association have to be to allow colloid-facilitated transport to dominate?
How resistant to deposition must the colloids be to observe colloid-facilitated transport?

Some of the laboratory studies described above explore changes in solution chemistry
that diminish the importance of colloid-facilitated transport. Low pH and high ionic strength
both inhibit colloid-facilitated transport by preventing the transport of colloids. The inclusion of
sodium with cesium and iodate by Sétmark et al. [31] illustrated that colloid-facilitated transport
does not occur for contaminants that do not bind strongly to colloids.

A greater number of field studies did not detect any significant colloid-facilitated
transport. Kaplan et al. [38,54] investigated the transport of a set of actinides and transition
metals in contaminant plume characterized by low pH (2.9-4.8). Of the actinides and metals
investigated, only plutonium showed significant colloid-facilitated transport. For the others, the
colloid concentration was deemed to be to low. The low pH of the contaminant plume also
inhibited extensive adsorption of the actinides and metals to the colloids. Other studies aso cite
weak contaminant-colloid interactions as the main factor in preventing colloid-facilitated
transport. Seta and Karathanasis [55] observed only aminimal contribution of colloids to the
transport of atrazine through saturated soils. Atrazineisarelatively soluble polar organic
compound that does not sorb strongly to colloids. Villholth [41] detected colloid-facilitated
transport of asuite of polycyclic aromatic hydrocarbons (PAHS) at only one of the two creosote-
contaminated sitesinvestigated. The main difference between the sites was the amount of
organic matter associated with the colloidal phase. Because the extent of PAH-colloid
association was linearly related to the compounds' octanol-water partition coefficient, the
organic matter fraction of the colloids was the major factor controlling the extent of PAH

sorption. In aseries of riverbank filtration studies covering a wide range of radionuclides and



transition metals, colloid-facilitated transport was limited by colloid deposition in the riverbank
sediments [56-58]. In the adjacent river water, the radionuclides and metals were extensively
associated with colloids, but neither the colloids nor the metals penetrated any significant
distance into the riverbank sediments.

In the following sections, we will examine the processes of colloid generation,
contaminant association with colloids, and colloid transport in detail to better delineate the

conditions controlling colloid-facilitated transport.

2. The Sources of Colloidsin Subsurface Environments

2.1. Overview of Colloid Generation in Subsurface Environments

The first criterion for colloid-facilitated transport is that colloids must be present in
sufficient amount to sorb a significant amount of the contaminant. To predict the potential for
colloid-facilitated transport, we need to know the amount and nature of the colloids present in the
subsurface environment. To know this, we need to know the sources of colloids—and the
processes responsible for colloid generation — in the subsurface environment. McCarthy and
Degueldre [59] presented a comprehensive review of colloids in the subsurface environment,
concluding that colloid abundance is * promoted by geohydrochemical perturbations, including
those characteristic of waste disposal sites.” Chemical perturbations can lead to precipitation of
supersaturated phases as colloids or mobilization of colloids from the subsurface material.
Hydrodynamic perturbations can mobilize colloids from the subsurface material by shear.
Geological perturbations (i.e., tectonic activity) are thought to be responsible for colloid

mobilization in fractured media[60]. In the following sections, we will focus on the genesis of
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colloids by (1) precipitation of supersaturated phases, (2) release of existing colloids by chemical

perturbations, and (3) release of existing colloids by hydrodynamic perturbations.

2.2. Colloid Precipitation

Colloids generated by precipitation of supersaturated phases fall into two categories:

() colloids that are hazardous because they are composed of contaminants and (2) colloids that
must associate with contaminants to be hazardous. In some circles, such colloids have been
dubbed “true colloids’ and “pseudo-colloids,” respectively [61]. The formation of colloids from
supersaturated phases is governed by both equilibrium and kinetic considerations,
supersaturation is necessary for colloids to precipitate, but precipitation may be kinetically
limited by nucleation conditions. We must also keep in mind that the precipitation of colloidal
phases may be followed by their dissolution if supersaturation is not maintained along the colloid
flow path.

Researchers investigating high-level nuclear waste disposal have frequently noted the
possibility of precipitation of hydrated oxides of actinidesin the “near-field environment,” the
region around the waste that will be subjected to high actinide concentrations, high temperatures,
and drastic geochemical gradients. Such conditions could be responsible for the reduction of a
uranium(V1) solution to the less soluble uranium(1V), which would be followed by the formation
of uranium(1V) oxyhydroxide colloids [62]. The likelihood of “true colloid” generation may be
overestimated because accurate characterization of the colloidal phase is not always performed.
For example, Saltelli et al. [63] reported that “americium colloids’ leached from a vitreous waste

form were effectively filtered by a glauconitic sand porous medium, but they did not determine
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whether the colloids were precipitated americium phases or americium adsorbed to colloidal
phases generated by the glass degradation.

The precipitation of metal and metal sulfide colloid phases has been suggested as a
possible means of metal accumulation in ore bodies. Laboratory studies have shown that both
copper and mercury form colloidal sulfidesin the 10-100 nm range [64,65]. Such small colloids
would not be detected by typical groundwater sampling schemes; therefore, they might play a
significant role in the bioavailability of these metals. Based on a surface water study, Benedetti
and Boulégue [66] hypothesized that colloidal gold (Au(0)) may be the predominant gold species
responsible for the supergene deposition of gold-bearing formations. Saunders [67] supported
this concept by detecting gold textures in ore deposits that indicate colloidal transport. Gold
complexes with humic substances have also been forwarded as the species contributing to
supergene migration of gold [68].

The generation of so-called “pseudo-colloids,” or colloids composed of non-hazardous
compounds, has been reported under two different circumstances. The genesis of ferric
oxyhydroxide colloids by oxidation of ferrousiron has been reported by Langmuir [69] and
Liang et a. [70]. Langmuir [69] observed ferric oxyhydroxide particles in groundwater samples
from coastal plain sedimentsin New Jersey where a geochemical gradient of increasing
dissolved oxygen and decreasing ferrous iron concentrations were measured. Liang et al. [70]
injected ferrous iron solutions into coastal plain sedimentsin South Carolinato measure the
oxidation rate of ferrousiron. The product of the ferrousiron oxidation was ferric oxyhydroxide
colloids. The colloidal stability of the ferric oxyhydroxide was enhanced by adsorption of
natural organic matter. A geochemical gradient caused by a secondary sewage effluent plume

was responsible for the formation of iron- and phosphorus-rich colloids in a Cape Cod,
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Massachusetts, aquifer [71]. The solubility product of vivianite (Fe3(PO,).-8 H2O) was exceeded
by a small amount in the groundwater. The size of the colloids, measured by dynamic light
scattering and confirmed by scanning electron microscopy, was arelatively uniform 100 nm. It
should be noted sampling at the same locations in future years did not detect ferrous phosphate

colloids, emphasizing that the conditions favoring colloid precipitation may be transitory.

2.3. Release of Existing Colloids by Chemical Perturbations

Soils and sediments contain a wide distribution of particle sizes, including particlesin the
colloidal range, roughly 10 nm to 10 mm. These smallest particles are generally the most
abundant in number [72,73]. These soil and sediment colloids are bound to larger grains by
short-range chemical and physical interactions under geochemical conditions that prevailed
during soil and sediment formation. When these geochemical conditions are changed, the forces
binding these colloids to the grains can be reversed and colloid mobilization can be initiated.
McCarthy and Degueldre [59] pointed out that waste disposal activities are the most common
cause of such geochemical perturbations. Some natural processes, like salt-water intrusion, can
also change the forces binding colloids to grains. In addition, microbial interactions with soil
particles can affect soil stability and colloid mobilization (Chapters 3 and 7, this book).

Decreasesin ionic strength cause colloid mobilization (Figure 3), an effect that has been
clearly seenin laboratory columns [74-84] and field-related studies ranging from secondary oil
recovery [85,86] to the sea water/freshwater interface [87-89] to artificial recharge of aquifers
[90,91]. Mobilization is caused by expansion of the electrostatic double layers around like-
charged colloids and grains (e.g., negatively charged clay mineral colloids and quartz grains).

The extent and rate of colloid release increases as ionic strength decreases [77,80]. This effect
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can in theory be predicted by DLV O theory [92,93]; however, in practice, surface
heterogeneities, roughness, and poor characterization of surface properties make theoretical
predictions unreliable. The rate of colloid release decreases over time — weakly bound colloids
are mobilized first and strongly bound colloids are mobilized last, suggesting an exponential
distribution of release rate coefficient activation energies [84]. If colloids and grains are
oppositely charged, decreases in ionic strength have no effect on colloid mobilization because
decreases in ionic strength strengthen the electrostatic attraction between oppositely charged
surfaces [94,95].

Perturbations in solution composition can also affect colloid mobilization. At the same
ionic strength, monovalent ions cause more rel ease than bivalent ions [79,82,96,97]. For
example, sodium chloride will mobilize more colloids than calcium chloride (Figure 4). The
calciumion is more likely to specifically complex with mineral surface sites, resulting in less
electrostatic repulsion and release. In addition, the presence of calcium chloride during colloid
deposition inhibits colloid release by low ionic strength sodium chloride solutions [82]. Anion
composition can affect colloid mobilization, also — Seaman and Bertsch [ 78] observed that
calcium chloride caused the release of positively charged colloids from an iron oxyhydroxide-
coated sand, while calcium sulfate did not because sulfate directly reduces the surface charge of
these colloids through adsorption.

Increases in solution pH generally cause colloid mobilization [74,79,94,95,98]. The
increase in pH typically increases the negative charge on the colloid and grain surfaces, thus
enhancing electrostatic repulsion. In sediments cemented by iron and aluminum oxides, this
effect is dramatically apparent as the pH increases above the point of zero charge of the oxide

coatings. When the surface charge of the oxide cement is reversed, colloid mobilization is rapid.
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The addition of anions, surfactants, and reductants to sediments often resultsin colloid
mobilization (Figure 5) and, in some cases, permeability reduction (Figure 6). Dodecanoic acid,
ascorbic acid, and natural groundwater containing about 30 mg L™ organic matter all promoted
colloid mobilization in airon oxyhydroxide-coated quartz sand [94]. Ascorbic acid appeared to
mobilize the predominantly kaolinite colloids by dissolving the iron oxyhydroxide cement. The
dodecanoic acid and organic matter-rich groundwater caused colloid release without iron
oxyhydroxide dissolution by reversing the surface charge on the iron oxyhydroxide cement.
Injection of phosphate, dodecyl sulfate, oxalic acid, and ascorbic acid into an iron oxyhydroxide-
and silica-coated quartz sand all caused significant colloid release [95,98]. Phosphate and
dodecy! sulfate mobilized colloids by reversing the surface charge on the iron oxyhydroxide
coatings. Oxalic acid and ascorbic acid both reversed surface charge and dissolved (by ligand-
promoted and reductive dissolution, respectively) the iron oxyhydroxide coatings. A mixture of
phosphate and ascorbic acid was most effective at mobilizing colloidsin field “ push-pull”
experiments. Surfactants have also been known to induce substantial decreases in formation
permeability when used at concentrations typical of surfactant-enhanced remediation [99-101].
Such clogging istypically caused by excessive colloid mobilization followed by depositionin
pore throats. The likelihood of substantial permeability reduction (up to two orders of
magnitude) increases as the colloid-sized content of the soil increases. A bioremediation effort
involving the injection of a concentrated nutrient solution (phosphate, ammonium chloride, and
hydrogen peroxide) also caused permeability reduction in asand aquifer. Initially, the clogging
was attributed to precipitation of iron oxides, but Weisner et al. [102] showed that the nutrient

solutions caused extensive colloid mobilization that resulted in clogging.
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Finally, colloids may be mobilized by the dissolution of cementing phases
[94,95,98,103]. Asdiscussed above, ascorbic acid dissolved the ferric oxyhydroxide cement in
the Atlantic coastal plain sediments examined by Ryan and Gschwend [94] and Swartz and
Gschwend [95,98]. Initially, Ryan and Gschwend [104,105] surmised that the same cement
dissolution occurred naturally with natural organic matter acting as the electron donor for the
reductive dissolution of the iron oxyhydroxides; however, laboratory experiments showed that
the organic matter in the groundwater mobilized colloids by reversing surface charge of theiron
oxyhydroxides rather than by dissolving them. Gschwend et al. [103] examined afly ash
disposal site in which low pH wastewater infiltrated into a calcium carbonate-cemented aquifer.

The low pH groundwater dissolved the carbonate cement and released colloids.

2.4. Release of Existing Colloids by Hydrodynamic Perturbations

In the saturated subsurface environment, hydrodynamic perturbations include (1) pumping to
sample groundwater and (2) flow through fractures and other preferential flow paths. In both
cases, the flow velocity in the subsurface environment is elevated above normal. Under these
conditions, we expected colloid mobilization to be caused primarily by shear on the attached
colloids. Extensive theoretical and experimental studies of the effect of shear on colloid release
have been conducted in model systems of spherical particles attached to flat walls[106-111].
From these studies, we know that the rate and extent of colloid detachment increases as the flow
velocity and particle size increase. Thus, pumping and fracture flow should increase colloid
mobilization, with larger particles preferentially mobilized before smaller particles.

The rate of pumping isamajor concern in the collection of representative colloid-containing

groundwater samples [45-49]. Pulset al. [45] showed that increases in pumping rate from 0.6 to

16



92 L min™ increased the amount and size of colloids in samples from a metal-contaminated
aluvia aguifer. Under steady-state conditions, the sample turbidity was approximately the same
over the range of pumping rates. Backhus et al. [46] showed that atemporary increase in the
pumping rateto 1.0 L min™ from 0.1 L min™ caused alarge increase in sample turbidity. Kearl
et a. [47] used adown-hole video camera to detect an increase in particle size occurring when
the pumping rate was increased from 0.1 to 1.45 L min™. In addition to increasesin colloid
concentration in the samples, increases in the associated contaminants were al so observed
[46,48,49]. Theincrease in contaminant levels provides great incentive to use low flow rate
pumping for regulators concerned about samples that exceed limits and action levels. In
addition, those who use low flow rate pumping can take satisfaction in collecting samples that
are most representative of the truly mobile contaminant and colloid load.

Colloids are relatively abundant in samples taken from free-flowing fracturesin very low
permeability rock [60,112,113]. Because the flow through these fractures occurs at much greater
velocity than the flow through the surrounding matrix, we can consider the fracture flow to be a
hydrodynamic perturbation causing colloid mobilization. In the fractures, the primary minerals
weather to secondary clay minerals and oxides, and these are the minerals that appear as colloids
in the fracture flow samples. Characterization of the size distributions of these colloid samples
shows that the distribution is weighted dlightly toward the larger sizes [60], suggesting that

erosion (shear) is controlling the size distribution.

2.5. Nature and Abundance of Colloids

McCarthy and Degueldre [59] assembled an extensive review of the types and

abundances of colloids found in the subsurface environment. The composition of most of the
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colloids is similar to the composition of the subsurface environment, indicating that most
colloids are mobilized from the subsurface materials by chemical or physical perturbations. In
summary, we can expect the colloidal phase to be dominated by (1) clay minerals, which are
naturally present in the colloid size range, (2) amorphous silica, (3) metal oxyhydroxides,
including ferric iron, aluminum, and manganese, (4) carbonates, primarily calcium, (5) colloid-
sized fragments of primary minerals, mainly quartz and feldspars, and (6) associated organic
matter. The abundance of these colloids ranges from 0-100 mg L™, with the higher
concentrations generally correlated with the greater chemical and hydrodynamic perturbations.
Since the review by McCarthy and Degueldre [59], most of the studies examining colloid
nature and abundance in subsurface environments have shown similar results. Soils from the
Savannah River Site in South Carolina generated mica or vermiculite, kaolinite, Ti-rich ferric
oxyhydroxide, gibbsite, and quartz [38,114]. From coastal plain sediments at the Savannah
River Site, Seaman et al. [115] mobilized Al-rich goethite, kaolinite, and crandallite
(CaAl3(PO,)2(0OH)2:-H20). These Savannah River colloids are relatively unique in having
positively charged surfaces. Natural concentrations of these colloids were deemed too low to
significantly contribute to colloid-facilitated transport [38]. The presence of organic matter as a
coating isimportant for colloids of positive surface charge, like ferric and aluminum
oxyhydroxides and the edges of clay minerals[25,104,114]. Atteiaet al. [116] detected a
mixture of mineral colloids including carbonates with coprecipitated metals in groundwater
exiting akarst aquifer. The size distribution of these particles followed the Pareto power law;
i.e., logarithmic decreases in colloid size corresponded to logarithmic increasesin colloid
number (Figure 7). Colloids recovered from fractures in granitic rocks have revealed similar size

distributions [60,113]. Calcium carbonate colloids were also detected in limestone and calcic
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soils[117]. Thetransport of these colloids was implicated in the formation of calcic soil
horizons.

Studies of deep crystalline rock formations being considered for nuclear waste disposal
continue to produce new information about colloids in subsurface environments. In anoxic
groundwater sampled from the Apsd Hard Rock Laboratory in Sweden, Ledin et al. [112] found
less than 0.1 mg L™ of aferrousiron-rich colloid phase. Upon exposure to air, submicrometer
ferric oxyhydroxide and calcium carbonate colloids formed in the groundwater samples.
Degueldre et al. [113] extended an initial study of the colloid content of the Grimsel Test Sitein
Switzerland to two other sitesin deep granitic rocks and found similar results: the colloid phases
were dominated by clay minerals and amorphous silicain the submicrometer size range at
concentrations of less than 100 ng L™. When calcium and sodium concentrationsin the
groundwater are low, however, colloid concentrations were as high as10 mg L™. A granitic
groundwater in Spain (El Berrocal) also contained mainly clay minerals, silica, and iron,
titanium, and aluminum oxyhydroxides [118]. Depending on groundwater chemistry, a variety

of metal carbonates and sulfides was also detected.

3. Association of Contaminantswith Colloids

3.1. Overview of Contaminant Association with Colloids

The second criterion for colloid-facilitated transport is the association of the
contaminants with the colloids. We use “association” to encompass the wide range of sorption

mechanisms (e.g., complexation, ion exchange, hydrophobic partitioning) that may contribute to
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contaminant-colloid interactions. In this section, we will show that contaminant association with
colloids must be (1) extensive, or “strong,” and (2) essentially irreversible for colloid-facilitated
transport to occur. Extensive contaminant-colloid association istypically characterized by a
large distribution coefficient Kq. Irreversible colloid-contaminant association refers to slow
desorption kinetics, where “slow” must be considered relative to the velocity of flow through the
subsurface environment.

The distribution coefficient is useful for qualitatively assessing the strength of the
contaminant-colloid interaction, but we must remember that its use in describing the colloid-
facilitated transport processis quite limited. First, distribution coefficients are inadequate for
describing contaminant association with colloids when sorption is non-linear. Second,
distribution coefficients represent equilibrium sorption under specific geochemical conditions;
thus, they are unsuited for representing sorption when geochemical conditions are changing
aong aflow path [1]. Third, we must be keenly aware of the importance of desorption kinetics
when considering the potential for colloid-facilitated transport. Vilks et al. [36] asserted “if
colloids are completely mobile in the subsurface, their impact on radionuclide migration will
depend on colloid concentration and whether or not radionuclide attachment is reversible.”
Colloid-facilitated transport will carry a contaminant from a zone in which the aqueous phase
concentration of the contaminant isin equilibrium with the sorbed phase (both the mobile
colloids and the immobile porous media grains) to a zone in which the contaminant is
predominantly associated with the mobile colloids and not the agueous phase. Desorption of the
contaminants from the mobile colloids must be slow in this zone for colloid-facilitated transport

to be important.
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3.2. Contaminant-Colloid Association

In this section, we will examine the basic mechanisms of contaminant-colloid interactions
for avariety of representative contaminants and colloids encountered in the subsurface
environment. The contaminants examined will include cationic forms of metals (e.g., Cs', Cu*,
PuO,"), anionic forms of metals (e.g., CrO,*, AsO,>), nonpolar organic compounds (e.g.,
polycyclic aromatic hydrocarbons, polychlorinated biphenyls, DDT) and polar organic
compounds (e.g., atrazine). The colloids examined will include minerals with amphoteric
surfaces (e.g., iron, aluminum, and manganese oxides, phyllosilicate edges, carbonates, and
sulfides) and fixed charge surfaces (phyllosilicate faces), organic matter coatings on mineral
phases, and bacteria. While the association of contaminants with organic matter coatings on
colloidsis addressed here, we do not address the association of contaminants with “dissolved”
organic matter (e.g., humic and fulvic acids) even though this association leads to facilitated
transport of both metals and nonpolar organic compounds in the subsurface environment. The
genesis and transport of dissolved organic matter is governed by mechanisms different from
those addressed in this review for colloids.

The basic mechanisms of contaminant association with colloids include surface
complexation, ion exchange, and hydrophobic partitioning. Each of these sorption mechanisms

has been the subject of exhaustive research summarized in recent reviews [119-124].

3.2.1. Cationic Forms of Metals

Cationic forms of metals (cations) are the most frequently reported contaminants influenced

by colloid-facilitated transport (Tables 1 and 2); therefore, we should expect that their
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association with colloidsis strong and their desorption is slow. Surface complexation and ion
exchange reactions dominate cation adsorption to mineral, organic, and biological surfaces.
Some cations (e.g., Cu?*, Pb*") form strong surface complexes with amphoteric oxides surfaces
(e.g., iron, duminum, manganese oxides, clay mineral edges). We classify the metal-ligand
complexes that form as “strong” if (1) the surface complex isformed even in the face of
el ectrostatic repulsion between the cation and a positively charged oxide surface and (2)
variations in ionic strength do not affect the extent of cation adsorption [119]. These conditions
indicate the cation and surface ligand have formed a covalent bond. Adsorption of cationsis
limited by the number of reactive sites and the accumulation of positive charge on the oxide
surface. The strength of a cation bond to a surface hydroxyl is related to the strength of the
complex formed by the cation with hydroxyl ionsin solution [120,125]; thus, metals like Cu®*
and Pb?* form stronger surface complexes than Co?* and Cd**. A general order of the strength of
surface complex formation is, from strongest to weakest [125],

FeS+ S Th4+ S U022+ S A|3+ S Cr3+ S Cu2+ S Ni2+ S C02+ S Zn2+ S Cd2+
For other cations, like the alkali and alkaline earth metals, adsorption isrelatively weak —
electrostatic repulsion and increases in ionic strength decrease metal adsorption, indicating that
covalent bonds are not formed. Cation adsorption to carbonate and sulfide surfacesis similar to
their adsorption to oxide surfaces, but coprecipitation (incorporation of the cation into the
carbonate or sulfide structure) must also be considered.

Cations will aso adsorb to organic matter coatings on mineral surfaces. Major components
of organic matter like humic and fulvic acids readily adsorb to positively charged mineral
surfaces (e.g., iron and aluminum oxides and clay edges at pH values below their pHy,c values).

Most natural waters contain sufficient organic matter to ensure near-complete coating of such
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mineral surfaces. In the agueous phase, cations are readily bound by humic and fulvic acids by
formation of complexes with carboxylic, phenolic, and sulfhydryl ligands [122]. For hard metals
(e.g., Fe**, AI**, UO*), complexes with carboxylic and phenolic functional groups dominate
metal binding, while sulfhydryl groups strongly bind soft metals like Hg*". In some cases, the
presence of organic matter increases the adsorption of cations, suggesting that the cation
complexes with the organic matter [126]. In other cases, the organic matter reduces cation
adsorption, suggesting that it blocks sites for cation adsorption on the mineral surface.

Cation adsorption to clay mineral faces occurs by ion exchange. lon exchangeistypically
defined as the replacement of one ion by another for ions residing in the diffuse double layer
arising from the mineral surface. On the faces of clay minerals, the diffuse double layer is
generated by negative surface charge arising from isomorphic substitution (e.g., replacement of
Si** by AI*"). Clay minerals have high cation exchange capacities (10” to 10 eq g™*) because
adsorption sites exist between clay layers composed of tetrahedral silica and octahedral alumina
sheets. The extent of cation adsorption by ion exchange increases as the cation charge increases
and the cation hydrated radius decreases:

Rb">Cs">K">NH,">Na">Li"

B > 2 > G > Mgz+
The adsorption of cations to ion exchange sites is dominated by attractive electrostatic
interactions. These electrostatic bonds are substantially weaker than the covalent bonds that bind
cations to oxide surface ligands. The alkali and alkaline earth metals are most commonly the
subjects of ion exchange investigations because their adsorption is dominated by ion exchange

and not surface complexation.
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The kinetics of cation surface complexation depend on the strength of the cation-aquo
bond; the rate-determining step in adsorption is the removal of water molecules bound to the
cation. Desorption is generaly much slower than adsorption [127,128], suggesting that the
breaking of the cation surface complex is the rate-determining step. If the strength of the cation
surface complex controls desorption kinetics as the strength of the cation-aquo complex does for
adsorption, then cations at the upper end of the Irving-Williams series will desorb most slowly.
The desorption kinetics of cations bound to organic matter are expected to follow the same
mechanism — desorption will be slowest for the cations that adsorb most strongly. For example,
Penrose et al. [51] determined that plutonium desorption from natural colloids was unmeasurable
over 2 d, while americium desorption was fast, a kinetics trend that follows the hydrolysis
constants for these species. Similarly, Bunzl et al. [129] measured greater |oss of americium
than plutonium from grassland soils exposed to radionuclide fallout. Cerling and Turner [130]
showed that strontium was desorbed more rapidly than cesium from iron and manganese oxide-
coated gravelsin astreambed. Recent work also indicates that desorption isinitially fast and
then much slower owing to theinitial release of more weakly bound cations [127].

lon exchange kinetics are dominated by the relative selectivity of cations and the rate of
diffusion of the cation through clay minerals. Aswith surface complexation, hysteresis between
adsorption and desorption is often observed for ion exchange reactions, but the hysteresis cannot
be attributed to the strength of ion exchange bonds. Instead, the slow desorption of cations from
clay mineralsisthe result of diffusion of the cationsinto the clay minera interlayersfollowing
thelir initial adsorption. Similar sorption hysteresisin soil aggregates and other minerals

containing microporosity can be attributed to diffusion of the cation.
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Actua measurements of desorption rates in colloid-facilitated transport experiments
show some trends that support the kinetic expectations. Torok et al. [131] estimated a half-life of
6.3 h for desorption of cesium from clay mineral colloids. Smith and Comans[132] surmised
that the rapid adsorption of cesium to clay-rich lake sediments was followed by slow transfer to
less-exchangeabl e sites (half-life of 50-125 d). Following this transfer, desorption was estimated
asvery slow (half-life on the order of 10 y). The corresponding adsorption half-life was only
1.4 min. Tanakaand Ohnuki [133] measured half-lives of 0.17, 0.35, 0.53 min for desorption of
strontium, cesium, and cobalt from natural colloids, atrend that follows the relative selectivity
and strength of binding exhibited by these cations. In contrast, Saiers and Hornberger [134]
modeled the colloid-facilitated transport of cesium by kaolinite and obtained a model fit that
resulted in cesium desorption that was faster than the adsorption (half-lives of 0.4 and 2.8 h,
respectively). Noell et al. [135] used desorption half-lives of 3.5 to 4.2 min to model the release
of cesium from amorphous silica colloids, while the adsorption half-lives that best fit the

breakthrough data were sometimes longer (12 min) and sometimes shorter (2.3 min).

3.2.2. Anionic Forms of Metals

Oxyanions have also been identified as contaminants for which colloid-facilitated transport
has occurred (Table 1). For oxyanions and other ligands, surface complexation dominates
adsorption. Adsorption to organic matter is generally prevented by electrostatic repulsion
because most of the ionized functional groups in organic matter are anionic. Similarly,
adsorption of oxyanions by ion exchange is negligible because positively charged minerasin

nature would generally be coated by organic matter.
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Most transition metal oxyanions are capable of forming strong surface complexes with
amphoteric oxides surfaces. Asfor transition metal cations, these oxyanion surface complexes
are classified as “strong” if the surface complex is formed when electrostatic repulsion prevails
and variations in ionic strength do not affect the extent of adsorption. These conditions indicate
the oxyanion and the surface metal have formed a covalent bond. Adsorption of oxyanionsis
limited by the number of reactive sites and the buildup of negative charge on the oxide surface.
The strength of an oxyanion bond to a surface hydroxyl is related to the acidity of the oxyanion —
weaker acids are more strongly bound to surface metal sites just as they more strongly bind
protons. A general order of the strength of surface complex formation is, from strongest to
weakest for adsorption to goethite [121],

AsO,* > PO,* >VO,* > CrOs” > SO, > Se04”

For anions like sulfate and selenate, adsorption is relatively weak — el ectrostatic repulsion and
increases in ionic strength decrease their adsorption, indicating that covalent bonds are not
formed.

The kinetics of metal oxyanion adsorption and desorption follows the same general trends
identified for cationic forms of metals. Desorption is usually much slower than adsorption
owing the formation of strong surface complexes[136]. For arsenate and chromate, adsorption
on goethite occurred via afast ligand exchange resulting in monodentate surface complexes
followed by a slow ligand exchange resulting in bidentate surface complexes. Following the

order of surface complex strength, chromate desorption was faster than arsenate desorption.

3.2.3. Nonpolar Organic Compounds
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Nonpolar organic compounds are driven from water by unfavorable interactions with the
polar solvent. If organic matter is present, it will readily absorb nonpolar organic compounds as
an organic solvent would readily partition these compounds from water [123,124,137]. To a
limited extent, bare mineral surfaces al'so accept nonpolar organic compounds driven from the
water, but organic matter must be essentially absent from the system for nonpolar organic
compound partitioning to mineral surfaces to occur [138]. The extent of sorption into organic
matter depends on the hydrophobicity of the nonpolar organic compound, a property described
by the compound’ s octanol-water partition coefficient Koy, and the amount of organic matter.
Sorption of some nonpolar organic compounds is extensive because their interactions with water
are so unfavorable, but this extensive sorption is not characterized as “strong.” Unlike surface
complexation, only relatively weak bonds (e.g., van der Waals attraction) are formed between
the nonpolar organic compound and the sorbent, organic matter. Similarities between the
nonpolar organic compound and organic matter structure favor enhanced partitioning; e.g., the
extent of polycyclic aromatic hydrocarbon sorption increases with increasing aromatic content of
the organic matter [139].

The organic matter responsible for the sorption of nonpolar organic compounds may be
dissolved in the aqueous phase or present as coatings on inorganic colloids. The dissolved phase
is often isolated from water samples by ultrafiltration with typical cutoffs of >1 nm or >500
molecular weight and <10 nm or <100,000 molecular weight. Both of these phases have been
shown to be important in binding nonpolar organic compounds [53,140], but the transport of the
dissolved organic matter and organic matter coatingsis very different. Dissolved organic matter

behaves like aligand; its transport is limited by adsorption, mainly to positively charged
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minerals like iron oxyhydroxides. Organic matter coatings are already adsorbed to mineral
surfaces; thus, their transport follows that of the mineral colloids.

The kinetics of nonpolar organic compound sorption and desorption depend primarily on the
rate of diffusion through the organic matter [124,141-145]. Significant hysteresis between
sorption and desorption exists owing to diffusion of nonpolar organic compounds deeper into the
organic matter after the initial absorption [146], a phenomenon that causes serious problems for
pump-and-treat remediation of contaminated groundwater. In soils, desorption half-lives span
the range of 0.3 to 140 d, with the shortest half-lives for smaller organic compounds (e.g.,
benzene, toluene, xylene) and the longest for larger organic compounds (e.g., polychlorinated
biphenyls, chlorobenzenes). Desorption half-lives increase as the amount of organic matter
increases, the mineral microporosity increases, and the molecular weight of the nonpolar organic
compound increases. For a given contaminant, the amount of organic matter exerts the primary
control on desorption rates [138,144]. Recent work indicates the presence of strongly and
weakly bound contaminant fractions (or adistribution of binding site strengths) with
correspondingly slower and faster desorption kinetics[142,143,145,147,148]. Extrapolating this
slow desorption kinetics to colloids must be done with caution because the amount of organic
matter associated with stationary soilsis much greater than that associated with colloids.
Because colloids will contain much less organic matter than soils and, more directly, the
diffusion paths of contaminants out of the organic matter will be shorter, desorption from

colloids should be significantly faster than desorption from soils.

3.2.4. Polar Organic Compounds
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A variety of sorption mechanisms contribute to the sorption of polar organic compounds,
especially those with ionizable functional groups, to colloidal phases. Depending on the
structure of the polar organic compound, surface complexation, ion exchange, and hydrophobic
partitioning may play arolein sorption [123,124]. For example, a polar organic compound like
atrazine contains amino functional groups that are capable of binding metals on the surfaces of
oxide minerals. The same functional groups can protonate to form a cationic compound that can
be adsorbed by ion exchange to clay minerals. Finally, the Ko, of atrazine is 10>°, indicating
that atrazine sorption may be aided by hydrophaobic partitioning to organic matter. Predicting the
sorption of apolar organic compound like atrazine requires detailed knowledge of the
composition of the colloidal phase.

The kinetics of polar organic compound sorption and desorption depend on which of the
variety of sorption mechanisms dominate. As discussed above, the kinetics of desorption will be
very slow if strong surface complexes are formed. If sorption is not strong, the desorption
kinetics will be determined by the rate of the compound’ s diffusion from the interlayers and

micropores of the minerals or organic matter.

3.3. Control of Colloid-Facilitated Transport by Contaminant-Colloid

Association

Our review of colloid-facilitated transport experiments in the field and laboratory reveals
an interesting dichotomy — colloid-facilitated transport is arelatively frequent occurrence for
metal cations and oxyanions, but arelatively rare occurrence for organic compounds, both
nonpolar and polar. Only two studies showed colloid-facilitated transport of organic compounds

by natural colloids, onein the laboratory [149] and onein thefield [41]. Two other studies
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showing colloid-facilitated transport of organic compounds used polystyrene latex microspheres,
which cannot be considered representative of natural colloids. In the laboratory study by

de Jonge et al. [149], only 2.5-13% of the organic compound, prochloraz, was colloid-associated,
so true colloid-facilitated transport did not occur. In thefield study by Villholth [41], the organic
compound distribution in the sediments surrounding the down-gradient sampling wells was not
measured, so we cannot be sure that true colloid-facilitated transport occurred. As noted in the
introductory section, thisis a shortcoming of virtually al of the colloid-facilitated transport field
studies (the exception being the study by Magaritz et al. [40]).

The lack of clear evidence for significant colloid-facilitated transport of non-polar
organic compounds points to the importance of desorption kinetics in determining the potential
for colloid-facilitated transport (Figure 8). We know that metal cations and oxyanions can form
strong covalent bonds with mineral colloids and associated organic matter, resulting in slow
desorption kinetics[36]. The desorption of non-polar organic compounds from sedimentsis also
quite slow, resulting in problems with remediation of organic compound-contaminated
groundwater. Why, then, do we not many examples of colloid-facilitated transport of non-polar
organic compounds in the field? Desorption of non-polar organic compounds from colloids must
berelatively fast. It appears that the manner in which organic matter is associated with mineral
colloids must present short path lengths for diffusion of sorbed organic compounds out of the
organic matter. Note that our exclusion of the many studies showing “organic matter-facilitated
transport” of organic compounds does not change this conclusion. Whileit is easy to facilitate
the transport of organic compounds with dissolved organic matter in laboratory columns with

short residence times [13,18,19], there is no field evidence that this process is important.
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Recent efforts at modeling colloid-facilitated transport have emphasized the need for a
kinetic approach to contaminant-colloid association [42,43,134,150,151] and that irreversible
sorption or very slow desorption will greatly increase colloid-facilitated transport distances
(Figure 9). Roy and Dzombak [43] emphasized that slow desorption of the contaminant from the
colloid is“probably most important in enhancing transport distances of contaminantsin natural
systems with mobile colloids which usually occur at concentrations not exceeding afew mg L™.”
Finally, it isimportant to remember that the rate of desorption must be considered relative to the
rate of water flow. In the slow-moving groundwater of a deep aquifer, only the most strongly
bound contaminants will remain adsorbed to colloid long enough for colloid-facilitated transport
to be considered significant. On the other hand, the transport of a wider range of contaminants

could be facilitated by colloids in water infiltrating through a shallow unsaturated soil.
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4. Transport of Colloids
4.1. Overview of Colloid Transport and Governing Equations

The transport of colloidal particles through granular porous media is governed by
advection, dispersion, and the exchange of colloidal particles between the solid stationary matrix
and bulk solution. This is commonly described by the advection-dispersion equation with
appropriate terms for colloid deposition and release. For the ssmple case of one-dimensional

transport (e.g., packed column) the governing equations are [12]:
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This set of equations describes the colloidal particle concentration in suspension C(x,t) and the
amount of deposited colloidal particles per unit mass of the solid matrix §x,t) as a function of
travel distance x and time t. Here, D, is the hydrodynamic dispersion coefficient for colloidal
particles, v, the average interstitial velocity of colloidal particles, r, the solid bulk density, e the
porosity, and ky and k; the colloid deposition and release rate coefficients, respectively. The
initial colloid deposition and release rates are generally assumed to follow first-order Kinetics.
Such equations have been successfully utilized by severa researchers to describe colloid or

bacteria transport in laboratory scale columns [152,153].

For fixed chemical and physical conditions, colloid release rate is often much smaller
than the colloid deposition rate [ 75,154]. Furthermore, in the presence of attractive double-layer

forces between colloidal particles and matrix surfaces the deposition of colloidal particles is
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practically irreversible [155]. In such cases, the release term in equation (4.2) can be omitted

and the transport equation simplifiesto

1c_, 1°C__1C.

Tt PhE P X

k,C (4.3)

The above equation cannot be applied when retained particles influence the rate of colloid
deposition, as often observed in colloid breakthrough experiments utilizing large amounts of
colloidal particles at the column inlet [156]. In this chapter, we will focus on deposition kinetics
of colloidal particles at low surface coverage, which may be appropriate to colloidal transport in

subsurface environments.

In the following subsections, we will discuss the role of two important processes that are
integral components of the governing equations above, namely particle advection and particle
deposition/filtration. Because subsurface environments are physically and geochemically
heterogeneous, the effects of such heterogeneities on particle advection and deposition will be

emphasi zed.

4.2. Particle Advection and Role of Physical Heterogeneity

Structural heterogeneities, such as macropores and fractures, are quite common in
subsurface environments. Such physical heterogeneities may create preferential flow paths for
the advective fluid (i.e., water) and, thus, markedly influence the transport of colloidal particles
and solutes [12,157]. Preferential flow in continuous channels and cracks occurs in soils,
particularly during periods of rapid water infiltration. Lenses or layers with different texture in

sandy aquifers also result in significant physical heterogeneity.
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The physical heterogeneity of subsurface porous mediais reflected in the spatial variation
of the hydraulic conductivity, an important parameter in modeling subsurface flow. The spatial
variation of hydraulic conductivity results in heterogeneous flow field that influences colloid
transport and the resulting particle concentration distribution in the porous medium. For
modeling purposes, two types of physical heterogeneity are commonly used: layered

heterogeneity and random heterogeneity.

In alayered, physically heterogeneous subsurface porous medium, the porous medium is
made up of several homogeneous layers. Thus, while each layer is homogeneous (i.e., with
constant hydraulic conductivity), the entire system is heterogeneous. Porous media with

fractures or lenses of different texture may be described as layered heterogeneous.

In random physical heterogeneity, the hydraulic conductivity is randomly distributed in
the three dimensional subsurface space. Substantial progress has been made in the past two
decades to understand the random physical heterogeneity of groundwater aquifers. Evidence
from field-scale hydraulic conductivity measurements indicates that the spatial distribution of
hydraulic conductivity is lognormal [158,159]. It was also found that there exists a non-
Gaussian behavior of the log-transformed hydraulic conductivity at relatively small scales, and
that this non-Gaussian behavior shifts to Gaussian behavior as the length scale increases

[160,161].

The influence of physical heterogeneity on colloidal transport is illustrated in the three
examples below. These examples are taken from studies involving colloid transport in packed
soil columns, a layered heterogeneous model aquifer, and a packed sand column. Figure 10
illustrates the transport of a conservative tracer and natural, in-situ mobilized soil colloids in

columns packed with heterogeneous soil aggregates [154]. The soil aggregates in the column
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were comprised of 17% clay, 66% silt, and 17% sand (by weight); the clay mineralogy was
dominated by quartz, vermiculite, illite, and kaolinite. Inspection of the breakthrough curves
reveals two distinct features. First, particle breakthrough occurs much earlier than the solute
tracer; that is, colloidal particlesin the soil column travel considerably faster than a conservative
tracer. Second, only a fraction of the injected particles is recovered at the column effluent, as
indicated by the reduced peak and area of the normalized particle breakthrough compared to that
of atracer. The enhanced transport of colloidal particles compared to that of a conservative
tracer is attributed to the phenomenon of size exclusion [162]. Contrary to the solute tracer, a
portion of the pore space of the soil matrix is not accessible to the mobile colloidal particles. In
this physical mechanism of size exclusion, the pores through which particles cannot travel are
basically those smaller than the colloidal particles. The second distinct feature of the particle
breakthrough curves in Figure 10 % the reduced peak and area of the normalized particle
breakthrough compared to that of a solute tracer % is attributed to immobilization of colloidal
particles on the surfaces of soil aggregates due to particle deposition. Particle deposition in
porous mediawill be discussed in the next subsection.

The effect of layered-distributed physical (structural) heterogeneity on colloid transport is
illustrated in Figure 11 [163]. The porous medium was divided into three horizontal layers
parallel to the flow direction, with the hydraulic conductivity of the middle layer of the porous
medium being twice as large as the hydraulic conductivity in the layers above and below. The
colloid suspension is fed continuously (line injection) into the porous medium at the inlet
boundary (x = 0), with 11 injection points set at 0.1 m intervals along the vertical z direction.
Observations of the normalized concentration profiles over the entire two-dimensional porous

medium domain are presented for t = 0.75 d. Asshown, the fluid flowsin the central layer faster
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than the other two layers, and most of the colloids migrate with the flow through the more
permeable layer. This example points out to the paramount importance of preferential flow paths

in colloid transport.

The last example is from the work of Saierset a. [153]. In thiswork, silica colloid transport
experiments in a structured-heterogeneous porous medium were carried out. The column was
packed with concentric layers of homogeneous sand of different grain size, aligned parallel to the
flow direction, thus forming a preferentia flow path through the coarse grained sand. The
colloid and tracer breakthrough curves are depicted in Figure 12. The first breakthrough of
colloidal particles occurred after 0.2 pore volumes, due to rapid transport along the preferential
flow path. A second increase in colloid concentration was observed after about 2 pore volumes,
due to slower transport in the fine grained matrix. Very similar breakthrough curves were aso
observed for the conservative solute tracer. As shown, the experimental data were described

quite well by a transport model which considers two different hydraulic conductivities.

4.3. Filtration Theory and Particle Deposition Kinetics

4.3.1. Filtration Theory for a Model Porous Medium

Filtration theories describe the deposition (capture) of colloida particles during the initial stage of
filtration (the so-called “clean-bed remova™) based on fundamental concepts of mass transfer,
hydrodynamics, and colloid and surface chemistry. The deposition of particles is represented by a
single collector remova efficiency, usualy denoted as h. The single collector efficiency is defined
as the ratio of the overdl particle deposition rate onto the collector to the convective transport of
upstream particles toward the projected area of the collector. For an isolated spherical collector, the

single collector removal efficiency is[164]
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(4.4)

where Cy is the bulk concentration, U is the fluid approach velocity, and | is the actua deposition
rate on collector of radius a.. The single collector efficiency is then related to the removal
efficiency of the entire granular filter medium through a simple mass balance. For a granular filter

composed of uniform spheres, the result is[164,165]

In(c/c,)=- %w (4.5)

a

Here e is the porosity and L is the depth of the granular medium in the filter. This expression can
also be viewed as the logarithmic attenuation in concentration of suspended particles traveling a

distance L of porous medium.

The goa of the fundamental filtration theories is to predict h for a given suspension under
known physical and chemica conditions. However, current theories fail to predict h when
repulsive double layer interactions predominate [164,166]. Asaresult, it isnecessary to combine an
empirical factor in predicting h. In this approach, we multiply the single collector efficiency, ho,
determined from physica considerations, by an empirica collision (attachment) efficiency, a,
which describes the fraction of collisons with filter grains that results in attachment. Thus, the

overall single collector removal efficiency is
h =ahg (4.6)

where hg is the "favorable” single collector removal efficiency, which is calculated without the

inclusion of eectric double layer interaction [164,165]. The collison efficiency, a, for a given
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colloidal suspension, solution chemistry, and filter medium can be determined from column

experiments and is usually in the range of 10° to 1[7,164,166].

Based on numerical results obtained from the so-called “trgectory analysis’ for various physical
conditions (in the absence of double layer interaction), Rajagopaan and Tien [167] proposed a
correlation equation for ho. This equation accounts for the effects of hydrodynamic (viscous)

interaction and van der Waals attraction on colloid deposition rate. It isgiven by [164,167]

+ANGNZ® +3.38" 10"° AJNG* N> (4.7)

where As is a porosity-dependent parameter of the Happel sphere-in-cell model, and N o, Ng, and
Ng are dimensionless parameters. The term N, characterizes the van der Waals attraction and is
defined as

4A

N = 4.8
= ol 49

where A is being the Hamaker constant of the interacting media and d, is the particle diameter. The
parameter N is an aspect ratio given by

dp
NR :d—c (49)

with d. being the diameter of the collector. Lastly, N isagravitational force number given by

(r,-r)gd;
N.=—FP 77°P 4.10
N 18 nu (410

Here, g is the gravitational acceleration, mis the fluid viscosity, and r, and r are the density of

particles and fluid, respectively.
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The single collector efficiency h is related to the so-called filter coefficient | ¢ through

[164]

I
1
N w
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q. (4.11)

where e is the effective porosity of the granular porous medium and d. is the diameter of the
collector grain. It can be shown that the particle deposition rate coefficient ky used in equations
(4.2) and (4.3) isrelated to the filter coefficient | + and the approach velocity U by the following

simplerelationship [12]:

k, =1 Ule=- iLln(C/co) (4.12)
e

An example illustrating the kinetics of particle deposition in amodel granular porous medium is
shown in Figure 13. In thisfigure, the deposition kinetics of two submicrometer-size latex particles
in column packed with uniform glass beads is presented. Experimental collison efficiencies of
these suspensions at various ionic strengths were calculated from the measured particle
breakthrough curves using equations (4.5) and (4.6). Results are presented as stability curves; that
is, the logarithm of the collision efficiency a as a function of the logarithm of ionic strength
(KCl). As seen, the deposition rate (or collision efficiency) increases as the salt concentration is
increased until the critical deposition concentration is attained. The increase in the collision
efficiency with salt concentration is attributed the reduced electrostatic double layer repulsion
caused by double layer compresson and charge screening. Above the critical deposition
concentration the deposition rate is transport limited whereas below this concentration it is

controlled by the repulsive el ectrostatic double layer interaction.
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4.3.2. Particle Deposition Kineticsin Natural Porous Media

Filtration theory can in principle be applied to describe the transport of monodisperse
colloidal particles through uniform natural granular media such as packed sand columns. Filtration
theory has aso been applied to explain the transport behavior of colloidal particlesin sandy aquifers
[168]. For most natura porous media, however, such calculations can lead only to qualitative
agreement because of the physical and chemical heterogeneities of natural subsurface porous media.
The example below illustrates that, despite the complexity of natural porous media, the deposition
kinetics behavior is indeed not much different than the deposition behavior with modd systems, as

the results shown earlier in Figure 13.

The deposition kinetics of soil colloids and synthetic latex particlesin packed soil columns as
afunction of Na" and Ca®* concentrations are depicted in Figure 14 [154]. The soil aggregates
and natural colloids used are similar to those described in Figure 10. Results are presented as
the logarithm of the deposition rate coefficient ky, or the collision efficiency a, as a function of
the logarithm of counter ion concentration. The results in Figure 14 demonstrate that calcium
ions have a much more pronounced effect on the kinetics of particle deposition than sodium ions.
Substantial particle deposition occurs a a much lower concentration of Ca®* than Na'. The
critical deposition concentrations for Ca** (ca. 5 and 2 mM for the natural and latex particles,
respectively) are much lower than those with Na' (ca. 200 mM for both the soil and latex
particles). It is aso rather remarkable that the colloid stability curves of the natural colloidal
particles (top) are quite alike those of the synthetic carboxyl latex particles (bottom). These
curves are also similar to other stability curves displayed in previously published studies with
model particles and collectors (as in Figure 13) [164], despite the marked heterogeneity of the

natural colloidal particlesin terms of chemical composition, particle size, and morphology. The
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deposition behavior with Na" and Ca?* shown above is generally in qualitative agreement with
the classical Derjaguin, Landau, Verwey, and Overbeek (DLV O) theory of colloidal stability and
the well-known Schulze-Hardy rule [169], whereby divalent counterions reduce colloidal

stability much more effectively than monovalent counterions.

4.3.3. Role of Geochemical Heter ogeneity

Solid phases in terrestrial environments exhibit both physical and chemical heterogeneity
[7]. Silicates and aluminosilicates are the dominant primary minerals in the stationary solid
phase, especialy quartz, feldspar, micas, and clays. In addition, carbonates and the oxides of
iron, aluminum, and manganese represent an important group of accessory minerals that are
often present as coatings on the primary minerals and as intergranular cement. Aquifer
sediments also contain a heterogeneous variety of complex organic molecules characterized by a
wide range of molecular weights and compositions. These organic molecules are found attached
to mineral surfaces as organic coatings or organic particulate matter occupying the interstitial

regions of the stationary matrix.

Due to the presence of physical and chemica heterogeneities, most natural surfaces have an
uneven, or heterogeneous charge distribution [170]. Surface charge heterogeneities can be
classified in terms of scale as either macroscopic or microscopic. For deposition of colloidal
particles onto heterogeneous surfaces, microscopic charge heterogeneity describes charge
variations on a molecular level, whereas macroscopic charge heterogeneity refers to variations
on the scale of colloidal particle dimensions or more. Microscopic charge heterogeneities arise
from the regular arrangement of oppositely charged ionsin the crystalline lattice, as well as from

molecular-level structural defects such as kinks and screw dislocations. Macroscopic charge
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heterogeneity on natural surfaces results mainly from the presence of surface chemical impurities

such as oxyhydroxide coatings [7,171].

Surface charge heterogeneity can be characterized by the distribution of local surface
potential or charge on the mineral grains. Generally, it is not possible to assign exact values for
variations in potential over the entire surface. However, a probability distribution of surface
potentials may be assigned according to a priori knowledge or assumptions about surface
characteristics. Song et al. [170] proposed two models to describe surface charge heterogeneity,

namely the patchwise and random distribution models which are described below.

Patchwise heterogeneity implies that surface sites of equal potential are grouped together
in macroscopic patches, each of which can be treated as a homogeneous surface. When
considering large patches, it may be assumed that each patch behaves as a homogeneous, isolated
surface in equilibrium with the bulk solution and that the interactions at patch boundaries can be
neglected. In groundwater aquifers, macroscopic surface heterogeneities such as iron,
auminum, or manganese oxide patches on minerals are representative of large patchwise
heterogeneities [7,170,172]. The simplest model of patchwise heterogeneity is the two-patch
charge model, where the total surface area of the collector grains is divided into favorable and

unfavorable fractions, as shown schematically in Figure 15.

Random (continuous) heterogeneity indicates that sites of equipotential are randomly
distributed over the entire surface. The random distribution model may be applied to collectors
whose surfaces do not have an obvious patchwise arrangement of charge distribution, such as
amorphous substances. Because there is often no information available on the distribution of

surface potentials, anormal distribution is generally assumed.
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The patchwise and random distribution models should be regarded as mathematical
representations of surface charge heterogeneity because, at the present time, there are no
available methods to characterize actual charge site distribution of natural grain surfaces.
Despite their limited nature, however, these models are useful means of describing the

characteristics of surface charge heterogeneity as applied to particle deposition and transport.

An example for the paramount effect of patchwise geochemical heterogeneity on colloid
transport in porous media is shown in Figure 16. Colloid deposition experiments with colloidal
silica particles flowing through columns packed with geochemically heterogeneous sand were
carried out [173]. Patchwise geochemical heterogeneity was introduced to the granular porous
medium by modifying the surface chemistry of a fraction of the quartz sand grains via iron
oxyhydroxide coating. The initial (“clean bed”) removal efficiency increases as the degree of
geochemical heterogeneity (or the fraction of iron oxyhydroxide coated sand) increases. At the
initial stages of deposition, the colloid removal efficiency for the given conditions increases from
little less than 2% for the clean quartz grains to 86% when 16% of the quartz grains are coated
with iron oxyhydroxide. At the pH maintained during the column experiments (5.6-5.8), theiron
oxyhydroxide coated sand grains are positively charged and thus provide favorable surfaces for
the deposition of the negatively charged silica colloids. The results suggest that the degree of
geochemical variability and the availability of favorably charged surfaces may play a major role
in determining the mobility of colloids in subsurface aguatic environments. In groundwater
environments having a preponderance of iron oxyhydroxides as mineral coatings and low in
organic carbon, colloid mobility is likely to be severely curtailed due to the favorable conditions

for attachment of colloids to surfaces.
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Calculated single collector efficiencies from the breakthrough curvesin Figure 16
demonstrates that the following relationship holds for patchwise heterogeneous porous media

surfaces[170]:

h=lh, +(1-1)h, (4.13)

where | is the fraction of the grain surface which is favorable for deposition (as illustrated in
Figure 15), and h; and h,, are the single collector efficiencies for favorable (iron oxyhydroxide-
coated sand) and unfavorable (clean sand) surfaces, respectively. Because hs >>h, for

patchwise heterogeneous surfaces, equation 4.13 simplifiesto
h » 1 h, (4.14)

Analysis of the breakthrough curve data in Figure 16 strongly supports this simplified

expression.



5. Summary and Future Research

In this review, we have examined colloid-facilitated transport of contaminantsin the
subsurface environment from the perspective of three criteriarequired for colloid-facilitated
transport to occur. First, colloids must be present in sufficient quantity to sorb the contaminants.
Colloids present in groundwaters include clay minerals, iron and aluminum oxides, calcium
carbonate, fragments of quartz, feldspars, and other primary minerals, and the organic matter
coatings bound to the surfaces of these colloids. Concentrations of these colloids reach
100 mg L™, but typical colloid concentrations are in the 0.01 to 1 mg L™ range. Most of the
colloids in the subsurface environment are generated by chemical and physical perturbations that
mobilize colloid-sized soil and sediment particles. Some of the chemical perturbations causing
colloid mobilization include the mixing of fresh water into more saline water (artificial recharge,
sea water interfaces, secondary oil recovery), changes in pH, and the introduction of
contaminants that can alter the surface charge of colloids and grains or dissolve the cement
binding colloids to grains. Some colloids may be generated by precipitation of supersaturated
phases, but their existence may be too transitory to be of great concern in colloid-facilitated
transport. Further research is needed to relate the potential for colloid mobilization to the
geologic setting. The effects of preferential flow in soil macropores and fractured media on

colloid mobilization also merits more detailed attention in the future.

Second, the contaminants must bind strongly and essentially irreversibly to the colloids
for colloid-facilitated transport to occur. The colloids must outcompete the surrounding mineral
grains for contaminants in the contaminated area, carry these contaminants ahead of the
contaminant plume, and resist desorbing these contaminants when the surrounding water and

mineral grains are contaminant-free. Contaminants that form surface complexes with colloids
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(e.g., transition metals, actinides) display the slowest desorption rates. In many cases, their
adsorption can be considered irreversible with respect to the rate of groundwater flow. Therate
of desorption of contaminants that sorb by weaker mechanisms (ion exchange, partition into
organic matter) is limited mainly by diffusion. Their rate of desorption isstill slow, but faster
than that of surface-complexed contaminants. On the basis of desorption kinetics, metals and
actinides are the most likely candidates for colloid-facilitated transport, a surmise confirmed by
field evidence. In the future, some direct confirmation of the role of desorption kineticsin
colloid-facilitated transport should be obtained, with proper consideration of the widely varying
transport time scalesin mind (e.g., short times during infiltration through the unsaturated zone,

long times for release of actinides from a deep nuclear waste repository).

Third, the colloids carrying the contaminants must be mobile in the subsurface environment.
Two factors can contribute to their mobility: minimizing collisions and avoiding attachment
following collisions. Colloids of approximately 1 mm experience the fewest collisions in porous
mediaat typical groundwater flow rates. Colloid collisions are also reduced in preferential flow
paths (soil macropores, fractured media). Attachments are avoided by maintaining repulsive
electrostatic interactions between colloids and grains. Generally, the chemical factors that
encourage colloid generation also favor colloid transport — low ionic strength, high pH, and the
presence of natural and anthropogenic species that increase surface charge or mask attachment
sites. Heterogeneities in the subsurface environment lead to frequent encounters of colloids with
oppositely charged mineral grains. Future research should focus on the roles of physical and
chemical heterogeneity on colloid transport and better characterization of the surface properties

of colloids and collector grains.
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Laboratory studies suggest that colloid-facilitated transport should be a common
occurrence; however, very few field studies have unequivocally demonstrated that it has
occurred. To demonstrate colloid-facilitated transport in the field, future studies should focus on
(1) characterizing the colloids present and devel oping plausible mechanisms for their generation,
(2) assessing the reversibility of contaminant-colloid interaction and the presence of contaminant
in the colloid, sediment, and aqueous phases beyond the contaminant plume, and (3) examining

the mobility of the colloids in the subsurface environment.
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Hamaker's constant

porosity dependent parameter

collector radius

particle concentration

influent particle concentration

collector diameter

particle diameter

particle dispersion

particle diffusion coefficient

gravitationa acceleration constant

overall particle deposition rate onto a collector grain
particle deposition rate constant

particle release rate constant

filter bed depth

gravitationd force dimensionless parameter
van der Waals force dimensionless parameter
aspect ratio; Nx=d,/d.

amount of deposited colloidal particles per unit mass of the solid matrix
time

approach (superficial) velocity
averageinterdtitial particle velocity

axia coordinate (distance)

collision (attachment) efficiency

porosity

filter coefficient

favorable single collector removal efficiency

single collector efficiency for favorable surface fraction
single collector efficiency for unfavorable surface fraction
heterogeneity parameter for favorable fraction grain surface
filter coefficient

fluid viscosity

density of the fluid

solid bulk density

density of suspended particles
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Table 1. A compilation of recent colloid-facilitated subsurface transport of contaminants in

laboratory experiments. Travel times noted as either time or number of pore volumes (PV).

contaminant colloids porous media travel time comments reference
and
distance

Co, S, Cs clay minerals course sand 56 h high sodium Torok et al.
from porous (90%) andclay  15cm phosphate [131]
media; neutron-  or zeolite (10%) concentration
activated for from waste
colloid tracing form

arsenate hematite aluvia sand up to4 PV 10.03mol L*  Pulsand
100-300 nm and gravel; 0.8-3.4md* Powell [174]
510mg L™ quartz, feldspar ~ 2.5-5.1cm

Cu, Pb, Ni, Cr clay and organic calcareousloam ~10cm 0.1mol L™ Amrhein et al.
matter soil NaCl [32]

0.1 mol L™
CaMg-acetate

phenanthrene, pyrene polystyrene latex glass 250 PV 0, 0.0005 Sojitraet al.

76, 301 nm 0.1,0.2mm 20cm mol L*KCl  [29]
quartz sand
~0.12 mm

Pb clay minerals silt loam soil; 0.3tolh 0.02-0.050 Grolimund et
from soil; non-calcareous  10-12 cm mol L*NaCl 4. [175]
~0.5-1 mm 0.00015
diameter mol L™ CaCl,

Cs montmorillonite  quartz sand 30 PV 0.05-0.5 Fauréetal.

mol L*NaCl  [80]

Cs kaolinite quartz sand 100 PV 1 0.002-0.1 Saiersand
0-200mg L™ 5.2cm mol L* Hornberger
~0.5mm pH 7.2 [33,134]

Cs, iodate goethite quartz sand 7.5-60 min 10.001 mol L* Sitmark et al.
6-28mg L™ 6.0cm pH 4.0, 10.5 [31]
0.12 mm

Cs, Sr, Co natural colloids  sandy sail; 1-10cm pH 6.7 Tanaka and
from soil quartz, feldspar Ohnuki [133]
<5mm

Ni natural colloids  Ottawa sand 10cm 1 0.001mol L* Roy and
from Lincoln pH 8.3 Dzombak [30]
sand
250mg L

phenanthrene latex Eustis sand 10cm 1 0.001mol L* Roy and
microspheres pH 7.5, 9.8 Dzombak [30]
100mg L™

Cs silica glass beads 10 PV pH 8.9 Noell et al.
100 nm 150-210 mm, 50 cm NaHCO,/ [235]
200mg L™ 355-420 mm N&,CO;

prochloraz uncharacterized;  undisturbed 27h 2.5-13%in de Jongeet a.

(N-propyl-N-[2-(2,4,6- mobilizedfrom  sandy loam soil 20cm colloidal phase [149]

trichlorophenoxy)ethyl]
imidazole-1-
carboxamide)

s0il
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Table 2. A compilation of recent colloid-facilitated subsurface transport of contaminantsin field

experiments.
contaminant colloids porous media travel time  comments reference
and distance
U, Th quartz, Alligator River U 0.01-2.0% U Airey [34];
muscovite, deposit, Australia; <1to 14 km and 0.3-39% Short et al.
lepidocrocite, carbonate “Thincolloid  [35]
Lland2:1clay mineras, tuff; phase
minerals; 10k variable
MWCO saturation
Mn, Co, Ce, Eu, quartz, feldspar, NevadaTest Site;, ~25y Buddemeier
Ru, Sb, Cs clay minerals fractured rhyolitic 300 m and Hunt [37]
lava and tuff
Zn, Cu, Ag carbonate-rich 20y secondary Magaritz et al.
30-60mg L™ sand, clay layers  30m sewage effluent  [40]
vertical irrigation
transport
U, Th, Ra illite, chlorite, Cigar Lake U upto~300m  large Vilkset a.
kaolinite, iron deposit, (>10°mL gHand  [36]
oxyhydroxide, Saskatchewan, variable K4
guartz, organic Canada; valuesindicate
matter; fractured and “irreversible”’
100-400 nm; geochemically sorption
1-8 mg L™ altered sandstone
Pu, Th kaolinite, sand, silt, clay; 6-11d pH 2.9-4.8; Kaplan et al.
goethite, positively 1.02 km Puand Th [38]
gibbsite; charged transported by
positively colloids
charged
PAHs clay minerals, marine sands; 80m 5-35%incolloid  Villholth [41]
iron creosote phase; linear
oxyhydroxide, contamination Koc-Kow
iron sulfide, relationship
quartz
>10 nm,
~5mg L™, 18%
organic matter
Cs, Co, Eu, Pu illite, smectite, Nevada Test Site;  1-80my™ >90%incolloid Kersting et al.
zeolites fractured rhyolitic 1.3 km phases [39]
7nmto>1nm lava and tuff
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Table 3. A compilation of recent laboratory and field experiments showing that colloid-

facilitated transport did not significantly contribute to the subsurface transport of the

contaminant. Travel times noted as either times or number of pore volumes (PV).

contaminant  colloids porous media travel time  comments reference
and distance
Ry, I, Te, Cs clay minerals, River Glatt 2d <25%incolloid von Gunten et
2-450 nm banks; 5m phase; colloid al. [56]
glaciofluvial filtration in
sand and gravel; riverbank
quartz, feldspar,
carbonates,
illite, chlorite
Cu, Cd, Zn clay minerals, River Glatt 2d <2% in colloid Waber et al.
2-450 nm banks (see 5m phase; [57]
above) colloid filtration
in riverbank
U clay minerals, River Glatt 2d only 4% in Lienert et al.
2-450 nm banks (see 5m colloid phase; [58]
above) colloid filtration
in riverbank
Pu, Am uncharacterized; Mortandad ~30y flow path Penrose et al.
>0.45 mm Canyon, Los 3.3km disputed; [51]; Marty et
Alamos isotopic evidence al. [52]
National indicates surface
Laboratory; flow
aluvial sand,
silt, clay
Am, Cs, Cr, Ni, kaolinite, goethite,  sand, silt, clay;  6-11d pH 2.9-4.8; Kaplan et al.
Cu, Cd, Pb, U gibbsite; positively 1.02 km colloid [38,54]
positively charged  charged concentrations
too low; metals
not adsorbed
Na goethite quartz sand 7.5-60 min weak Na- Satmark et al.
6-28mg L™ 6.0cm goethite [31]
0.12 mm association
atrazine clay minerals six undisturbed 6 PV 2-18% transport  Setaand
(2-chloro-4- mobilized from six  soils 20cm enhancement not  Karathanasis
ethylamino-6- soils caused directly [55,176]
isopropylamino- by association
striazine with colloids
PAHs clay minerals, iron  glacial sands; 200 m lower organic Villholth [41]
oxyhydroxide, iron creosote matter fraction
sulfide, quartz contamination
>10 nm
~5mg L™

10% organic matter
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step 3

Figure 1. A schematic summary of the processes controlling colloid-facilitated transport: (1)
colloid generation, (2) contaminant association with colloids, and (3) colloid transport.
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Figure 2. The presence of kaolinite colloids facilitates the transport of cesium in a quartz sand
column [134]. The normalized breakthrough of cesium-137 (aratio of Cy, the total mobile **'Cs
concentration in the column effluent, and C,o, the total concentration of **'Csin the column
influent) through a quartz sand column as a function of the concentration of kaolinite colloids
(Cg). The number of pore volumes required for breakthrough decreases as the colloid
concentration increases because a greater fraction of the cesium-137 is adsorbed to the colloids.
The kaolinite colloids achieve breakthrough in the quartz sand column in one pore volume.
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Figure 3. A gradient decrease in ionic strength causes the mobilization of montmorillonite
colloids from a quartz sand (95%)/montmorillonite (5%) porous medium [80]. Colloid release
begins at Cs = 0.035 mol L™ sodium chloride. The supply of mobilized colloids is exhausted in
just afew pore volumes (V/Vp; the total volume V divided by a pore volume V,) at the final
sodium chloride concentration, C; = 0.019 mol L™, The colloid concentration was measured in
the column effluent by absorption of ultraviolet light (280 nm wavelength).
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Figure 4. The effect of solution composition on the mobilization of colloids in porous media
[83]. In the upper graph, polystyrene latex microspheres deposited on glassin a0.5 mol L™
NaCl solution are mobilized to a greater extent by lower ionic strength solutions of NaCl than by
CaCl,. Inthelower graph, the amount of microspheres mobilized decreases as the calcium
concentration of the deposition solution increases.
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Figure 5. The combination of phosphate and ascorbic acid is much more effective at mobilizing
colloids than either the phosphate or ascorbic acid alone [95]. The colloids were mobilized from
asouthern Atlantic Coastal Plain sediment consisting mainly of ferric oxyhydroxide- and silica-
coated quartz grains. Reduction by the ascorbic acid dissolved the ferric oxyhydroxides and
adsorption of the phosphate imparted negative charge to the colloids; both of these mechanisms
were necessary to mobilize the colloids. The colloid concentration is measured by turbidity as
nephelometric turbidity units (NTU).
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Figure 6. Decreases in the hydraulic conductivity of aloam soil (17% clay) caused by flushing
with 0.01 mol kg™ of anionic surfactants A1 (sodium dodecy! sulfate), A2 (sodium alpha olefin
sulfonate), A3 (sodium dodecylbenzene sulfonate), and A4 (sodium laureth sulfate) [100].
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Figure 7. The distribution of colloid size in groundwater samples from fractured granite
formations in Europe [113] showing Pareto power law distributions (N = adp'B, where N isthe
number of colloidsin asize range, d, isthe median colloid size in therange, and aand R are
fitting parameters characteristic of the colloid size distribution). These colloid size distributions
were measured by single particle counting with scanning electron miscroscopy. The number of
colloids per size range is displayed on the y-axis and the median size of the range is displayed on
the x-axis.
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Figure 8. A comparison of the kinetics of contaminant desorption from suspended solids [124].
The vertical axes are the concentration of the compounds in water (C,,). The upper graph shows
the desorption of salicylate from 20 nm aluminum oxide colloids. The center graph shows the
desorption of (2,4-dichlorophenoxy)acetic acid from clay aggregates. The lower graph shows
the desorption of pentachlorobenzene from silt-sized river sediment. The desorption half-life

increases as the strength of the contaminant-colloid interaction increases, but the irreversibly
sorbed residual varies from case to case.
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Figure 9. A model simulation of phenanthrene breakthrough as afunction of the fraction of
reversible sorption sites on colloids (F,) showing that phenanthrene breakthrough is more rapid
when phenanthrene sorption to the colloids isirreversible (F, = 0) [43]. Sorption was set to be
irreversible (the rate of phenanthrene exchange was set to 0 h™) at the sites not set as reversible.
The phenanthrene inlet concentration was Co = 1 mg L™. The colloid concentration was

100 mg L. The equilibrium partition coefficient for the phenanthrene association with the
colloids was 6,600 mL g*. Therates of colloid deposition and release were 0.1 and 0.3 h™.
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Figure 10. Transport behavior of natura colloidal particles (O) compared to a non-reactive
tracer (®) in packed soil columns as a response to a pulse input. The results demonstrate the
enhanced transport of the colloidal particles in the heterogeneous soil column due to the
phenomenon of size exclusion [154].
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Figure 11. Effect of layered physical heterogeneity of porous media on colloid transport
behavior. The contours describe the residual particle concentration (C/Cy) at an observation time
of 0.75d. The central layer (zbetween 0.3 and 0.7 m) has hydraulic conductivity K=100 m/d
and the layers above (z between 0.7 and 1.0 m) and below (z between 0 and 0.3 m) are with
K=50 m/d. Coalloids are continuously injected along the depth (z axis) on the left boundary of the
porous medium (x=0) [Modified from 163].
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Figure 12. Model prediction and experimental breakthrough curve of colloidal silica particles
through a structurally heterogeneous sand column with a distinct preferential flow path [153].

The vertical axisisthe normalized concentration (C, the concentration in a given pore volume,
divided by Cy, the influent concentration).
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Figure 13. Experimenta collison efficiencies (a) of two different suspensions of Brownian
polystyrene latex colloids in flow through a column packed with uniform glass beads as a function
of KCl concentration. The diameters of the particles are indicated in the figure. Theoretica

collision efficiencies shown as lines without data points [Modified from 166].
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Influence of solution chemistry on particle deposition kinetics in natural porous
media (natural soil columns). (a) Effect of electrolyte (NaCl or CaCl,) concentration, counter
ion valence (Na" and Ca"), and solution pH (pH 4.0 or 5.5, controlled by azide buffer) on
deposition rate coefficients and experimental collision efficiencies for in-situ mobilized soil
particles. (b) Influence of electrolyte concentration and counterion valence on deposition rate
coefficients and experimental collision efficiencies for model carboxyl latex particles. In both

figures, solid lines serve to guide the eye [154].
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Figure 15. Schematic description of the two-patch model for patchwise geochemical
heterogeneity. Anisolated heterogeneous grain is shown on the left. A representative
elementary volume of a geochemically heterogeneous porous medium is shown on the | eft.
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Figure 16. Silica particle transport in geochemically heterogeneous porous media. Experimental
particle breakthrough curves correspond to columns packed with various fractions of iron
oxyhydroxide-coated sand shown in the figure. The vertical axisisthe normalized concentration
(C, the concentration at a given time, divided by Co, the influent concentration) [Modified from

173].
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